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Abstract

The immobilization of heavy metals and metalloids by microbial sulfate reduction
and the various chemical forms of metalloids and heavy metals precipitated, and the
fate of these species within such systems over time were investigated. A bench-scale
upflow anaerobic packed bed (UAPB) bioreactor was inoculated with a mixed
population of sulfate reducing bacteria (SRB), isolated from a wetland, and operated
under progressively acidic conditions. The reactor was operated under continuous
flow conditions and was shown to be capable of sulfate reduction at pH 6.0, 5.5, 5.0,
4.5, 4.0 and 3.5 in a medium containing 53.5 mIVI sodium lactate. This contrasted
previously published work that showed biological sulfate reduction was completely
inhibited in media containing greater than 5 mM organic acids at pH 3.8. The lowest
pH at which the reactor could support significant sulfate reduction was pH 4.0. At
pH 3.5, sulfide production was substantially lowered, with sulfate removal
decreasing to <7.6%. The use of conductivity measurements, compared to pH and
redox potential, seems to be a more sensitive tool for monitoring the activity of SRB,
and offers the potential for providing continuous and rapid monitoring information
with respect to SRB activity.

Mildly acidic metal (Cu, Zn, Ni, Fe, Al and Mg), arsenic and sulfate contaminated
waters were treated, over a 14 day period at 25 °C, in a bench-scale upflow anaerobic
packed bed reactor filled with silica sand, employing a mixed population of sulfatereducing bacteria. The activity of SRB increased the water pH from -4.5 to 7.0, and
enhanced the removal of sulfate and metals in comparison to controls not inoculated
with SRB. Addition of organic substrate and sulfate at loading rates of 7.43 and 3.71

kg d' m 3, respectively, resulted in >82% reduction in sulfate concentration. The
reactor removed more than 97.5% of the initial concentrations of Cu, Zn and Ni,
while only >77.5% and >82% of As and Fe were removed, respectively. In contrast,
Mg and Al levels remained unchanged during the whole treatment process. The
removal patterns for Cu, Zn, Ni and Fe reflected the trend in their solubility for their
respective metal sulfides, while As removal appeared to coincide with decreasing Cu,
Zn, Ni and Fe concentrations, which suggests adsorption or concomitant
precipitation with the other metal sulfides.

It was found that bacterially produced metal sulfide (BPMS) precipitates had
adsorptive properties comparable with other adsorbents with respect to the specific
uptake of a range of metals and, the levels to which dissolved metal concentrations in
solution can be reduced. The percentage of adsorption increased with increasing pH
and adsorbent dose, but decreased with increasing initial dissolved metal
concentration. The pH of the solution was the most important parameter controlling
adsorption of Cd(II), Cu(II), Fe(II), Ni(II), Pb(II), Zn(H) and As(V) by BPMS. The
adsorption data was successfully modelled using the Langmuir adsorption isotherm.
Desorption experiments showed that the reversibility of adsorption was low,
suggesting a high-affinity type adsorption governed by chemisorption. The
mechanism of adsorption for the divalent metals was thought to occur via the
formation of strong, inner-sphere complexes, involving surface hydroxyl groups.
However, the mechanism involved for the adsorption of As(V) by BPMS appears to
be distinct from those of surface hydroxyl exchange.
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The chemical form of heavy metals and metalloids in BPMS was determined to
evaluate their mobility and bioavailability. A modified Tessier sequential extraction
procedure (SEP), complemented with acid volatile sulfide (AVS) and simultaneous
extracted metals (SEM) measurements, were employed to determine the partitioning
of Fe, Ni, Zn, Cu and As (defined as "heavy metals") in anoxic BPMS precipitates.
The fraction corresponding to organic matter and sulfides appeared to be the most
important scavenging phases of As, Fe, Ni, Zn and Cu in BPMS (59.8 -86.7%).
Moreover, the results from AVS and SEM (I Zn, Ni and Cu) measurements
indicated that the heavy metals existed overwhelmingly as sulfides in the organic
matter and sulfide fraction. A substantial amount of Fe and Ni at 16.4 and 20.1%,
respectively, were also present in the carbonate fraction, while an appreciable portion
of As (18.3%) and Zn (19.4%) was bound to Fe-Mn oxides. A significant amount of
heavy metals was also associated with the residual fraction, ranging from 2.1% for
Zn to 18.8% for As. The apparent mobility and bioavailability of these five heavy
metals in BPMS increase in the order of Cu<As<Ni<Fe<Zn, if the mobility and
bioavailability of heavy metals are assumed to be related to their solubility and
chemical forms, and that they decrease with each successive extraction step. The
SEMIAVS ratio measurements, indicated that the BPMS was non-toxic with regards
to having a low probability of bioavailable metals in the pore water.

The stability or leachability of arsenic in BPMS was evaluated by using toxicity
characteristic leaching procedure (TCLP) and long-term (-100 pore volumes)
column leaching tests. The results from TCLP experiments showed that the
concentration of As leached from solid-phase BPMS samples after an 18 hr
extraction time was <300 tg 1.1, which is below the current maximum Australian

vii

TCLP leachate value for As, and thus would not be characterized as a hazardous
waste. In terms of percent total As leached, this was equivalent to <8.5% for BPMS
samples initially containing 61.3 mg kg' As. The levels of Fe, Ni, Zn, Cu and As
extracted by the TCLP was found to be significantly lowered or underestimated in
the presence of dissolved oxygen, with Fe, Ni, Zn, Cu and As concentrations
increasing with decreasing headspace-to-leachant volume ratios. The concentration
of Fe, Ni, Zn, Cu and As were also consistently higher in nitrogen purged extractions
compared to those performed in air. This was attributed to the dissolution of Fesulfide precipitates and subsequent oxidation of Fe(II) ions and precipitation of
ferric (hydr)oxi des, resulting in the adsorption of soluble As and corresponding
decrease in Ni, Zn, Cu and As concentrations. According to the experimental data, it
is recommended that TCLP tests for Fe, Ni, Zn, Cu and As leachability should be
performed at least in zero-headspace vessels or preferably under nitrogen to
minimize the oxidation of Fe(II) to ferric(hydr)oxides. In long-term leaching studies,
it was found that the low solubility of the BPMS ensured that rate of release of heavy
metals and As was relatively slow, and the resulting leachate concentrations of Cu,
Ni and As were below the current Australian guideline concentration for copper,
nickel and arsenic in drinking water.

Scanning electron microscopy showed that the BPMS were relatively fine-grained
platy particles approximately 100-200 .tm in diameter with smaller spherical
aggregates or "rosettes" also noted. Based on SIMS and SEM-EDAX results, metal
sulfide precipitates were found to be the major components of the solid-phase
precipitates collected from the bioreactor, indicating that at least part of the Cu, Fe,
Ni and Zinc were removed as poorly crystalline disordered CuS, FeS, NiS and ZnS
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phases. The results are supported by the sequential extraction data that indicated
metals associated with sulfides was the dominant fraction in the solid-phase
precipitates, and ICPMS data which showed that sulfate was reduced to sulfide, with
the simultaneous removal of copper, iron, nickel, zinc and arsenic. The absence of As
peak in the SEM-EDAX spectra suggest that arsenic was coprecipitated with the
above sulfide phases, such as Fe-S-As, to form amorphous layers.
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Chapter 1

Introduction

Chapter 1 Introduction
1.1

Sulfate reducing bacteria

The sulfate reducing bacteria (SRB) were first reported by Beijerinck (1895).
However, Baars (1930) was probably the first to investigate the physiological
properties of these bacteria in any detail though much of this information has been
superseded. Baars (1930) isolated the SRB Desulfovibrio rubentschickii which was
capable of oxidizing acetate directly to carbon dioxide. Selwyn and Postgate (1959)
attempted to isolate the species able to utilize acetate but failed, leading them to
conclude that the original culture was part of a mixed commensal population.
Research then concentrated on SRB strains that utilized lactate as a carbon and
energy source. These SRB were classified into two groups: the genus
Desulfotomaculum (Campbell and Postgate, 1965) containing spore-forming straight
or curved rods and the non-sporing genus Desulfovibrio (Postgate and Campbell,
1966) containing motile vibrios or rods.

Today, the term sulfate reducing bacteria is conventionally reserved for a class of
microbes which conducts dissimilatory sulfate reduction (Postgate, 1984). These
microbes can be defined as a mixed group of morphologically and nutritionally
diverse anaerobic bacteria which utilise sulfate (or other oxidised sulfur compounds),
as an electron acceptor for the dissimilation of organic compounds (Gibson, 1990;
Widdel and Pfennig, 1984). There are more than a dozen different genera (e.g.
Desulfovibrio, Desulfotomaculum, Desulfomonas) assigned to the SRB (Perry, 1995;
Postgate, 1984). Desulfovibrio and Desulfotomaculum are the two most studied
genera of sulfate reducing bacteria (Postgate, 1984). The sulfate reducing bacteria
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have been extensively reviewed by Postgate (1984) and more recently by Gibson
(1990), Perry (1995) and Voordouw (1995).

1.2 Ecology and distribution

Sulfate reducing bacteria are particularly ubiquitous in both aquatic and terrestrial
ecosystems (Gibson, 1990). They are able to tolerate temperatures from below —5 to
75 °C and show considerable adaptability to changing temperatures; they can be
grown in vacuo or in water under pressures of 1 x 105 kPa; and they tolerate pH
values ranging from <5 to 9.5 and a wide range of osmotic conditions (Postgate,
1984). Rarely are SRB encountered as airborne organisms, though both sporulating
and non-sporulating strains survive drying in soils. They have been found in soils;
fresh, marine and brackish waters; artesian waters; hot springs and geothermal areas;
oil and natural gas wells; sulphur deposits; estuarine mud; sewage; salt pans;
corroding iron; the rumina of sheep; faeces; and guts of insects (Postgate, 1984 and
references therein). Desulfotomacula are often dominant in soils, while environments
which are newly polluted or regularly polluted, seem to provide conditions which
favour Desulfovibrio. The anaerobic regions of marine and estuarine sediments, and
saline ponds are primary sites for the growth of SRB because of their high sulphate
content (Truper et al., 1969). The majority of SRB in nature function below 5 °C
rather than above, due to their abundance in ocean sediments (Zobell, 1958).
Organisms from deep waters may be barophilic, growing best at high pressures or
require such pressures (Postgate, 1984). Widdel (1980) isolated many species from
anaerobic muds derived from brackish water and marine environments as inocula.

Active sulfate reduction has also been demonstrated in freshwater sediments (Herlihy
and Mills, 1985; Hordijk et al., 1985; Jones and Simon, 1984). Soils are also
potential habitats (Adams and Postgate, 1961; Cord-Ruwisch and Garcia, 1985).
Sulfate reducing bacteria have also been detected in polluted environments such as
sour whey digesters (Zellner et al., 1989), spoiled foods (Campbell et al., 1957),
anaerobic purification plants (Nanninga and Gottschal, 1987) and sewage plants
(Ueki et al., 1988). The work of Zobell (1958) was extended by Barross and Deming
(1983), who showed that barotolerant strains could grow in deep sea vents. Spore
forming thermophilic species (able to grow at 65-80 °C) have been detected in deep
aquifers (Olson et al., 1981).The intestinal tract of humans and animals are also
habitats of SRB. The occurrence of Desulfovibrio spp. in ruminal contents has long
been recognized (Huisingh et al., 1974). They are also present in the termite gut
(Traore et al., 1990) and human faeces (Beerens and Romond, 1977; Moore et al.,
1976). Gibson et al. (1988) found that >40% of individuals tested in two different
human population groups harboured significant numbers of intestinal SRB. Thus,
these bacteria are unique in that they are adaptable to almost any environment.

1.3 Growth requirements

Sulfate reducing bacteria can metabolize a wide variety of organic compounds and a
few inorganic compounds (Perry, 1995). For most strains of SRB, an inorganic
electron acceptor is required, and this is usually provided by the sulfate ion.
However, a few species have been shown to utilize other oxidized sulphur
compounds. For example, Postgate (1951) and Cypionka (1987) have shown that
thiosulfate, tetrathionate and sulfite can be utilized by Desulfovibrio desulfuricans,
while Biebl and Pfennig (1977) were able to grow some strains with elemental
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sulphur as a terminal electron acceptor. Some SRB can ferment substrates such as
pyruvate, fumarate, malate and lactate in the absence of an external electron acceptor
(Perry, 1995). The ability of Desulfovibrio spp. and Desulfobulbus spp. to reduce
nitrate and nitrite, with energy yields as great or higher than those reported with
sulfate have been demonstrated in a number of studies (Mitchell et al., 1986; Seitz
and Cypionka, 1986; Widdel and Pfennig, 1982).

The type of electron donor or carbon source utilized by SRB varies according to
genus (Gibson, 1990). The carbon sources oxidized by SRB are always low
molecular weight compounds, most of which are fermentation products from the
anaerobic bacterial degradation of carbohydrates, proteins and other components of
dead biomass by bacteria other than SRB (Widdel, 1988). More specifically, these
essentially consist of volatile fatty acids (VFA), e.g. acetate, propionate, butyrate;
C2, C3 and C4 fatty acids, e.g. lactate, pyruvate, malate, fumarate; alcohols, e.g.
ethanol, propanol; H2/CO2; and occasionally glucose, sucrose and longer chain fatty
acids (Perry, 1995; Postgate, 1984). Very few types of SRB are known to use
methanol or methoxy groups from aromatic compounds and utilization of
methylamines or methionine by SRB has never been observed (Perry, 1995). The
dispute over whether hydrocarbons, such as methane or higher petroleum
hydrocarbons, are utilized by SRB for growth have not been clearly resolved (Perry,
1995; Postgate, 1984). The balance of evidence is that they are not utilized by any
known SRB, but there is ecological evidence that suggests there may exists species
or consortia capable of such reactions (Widdel, 1988).

The main nitrogen source for the growth of SRB is usually derived from ammonium
ions, although the dissimilatory reduction of nitrate and nitrite may also provide a
nitrogen source. Some marine strains of Desulfovibrio are capable of utilizing a
number of amino acids as carbon and nitrogen sources (Stams and Hansen, 1986).
The addition of complex supplements such as yeast extract in defined media may
stimulate growth. A few vitamins, NaCl and MgCl2 have also been used in defined
growth media (Postgate, 1984; Widdel and Pfennig, 1984). Other nutrients important
for growth of SRB are phosphorus and iron (Postgate, 1984). Some Desulfovibrio
species show an exceptionally high requirement for inorganic iron. These strains
contain high levels of Fe-rich proteins such as ferredoxins, cytochromes of the C3
group, and nitrogenase, and, in iron-starved cultures, the content of cytochromes c is
less (Perry, 1995; Postgate, 1984; Widdel and Pfennig, 1984). A low Eh medium is
also often required to initiate the growth of SRB. This effect is usually achieved by
the addition Na2S, sodium dithionite, sodium ascorbate or sodium thioglycollate
(Gibson, 1990; Postgate, 1984).

1.4

Environmental factors

1.4.1 Effects of oxygen

Sulfate reducing bacteria (SRB) are heterotrophic bacteria which are generally
considered to require strictly anaerobic conditions with an Eh of less than -200 mV
(Postgate, 1984). Sulfate reducing bacteria may have been traditionally thought to be
02-intolerant because the enrichment processes used to isolate SRB selects for those
varieties that are strictly anaerobes. However, more recently it has been shown that
SRB are not as sensitive against oxygen as formerly thought (Dannenberg et al.,

1992; Dilling and Cypionka, 1990; Sass et al., 1996). Most SRB can survive oxygen
stress for several hours or even for days (Cypionka et al., 1985) and can even use
oxygen as an electron acceptor (Dannenberg et al., 1992; Dilling and Cypionka,
1990). Sulfate reducing bacteria have been found concentrated in zones of maximum
02 concentration in studies of anoxic basins (Hastings and Emerson, 1988),
cyanobacterial mats (Canfield and Des Marais, 1991) and salt marsh sediments
(Howarth and Giblin, 1983). It has been suggested that this is because these zones
are also areas of maximum electron donor concentrations, thought to be the major
limiting factor for SRB in several environments. In a study by Hardy and Hamilton
(1981), viable organisms from five strains of Desulfovibrio vulgaris, previously
isolated from North Sea water, were recoverable after exposure to oxygen in aerobic
natural seawater for more than 72 hr. They observed an equivalent decline in viable
numbers of SRB in both aerobic and anaerobic vessels, implying that oxygen has no
greater bactericidal effect than did suspending the cells in an anaerobic environment
unfavourable for growth. It has been suggested that SRB have oxygen -protective
enzymes such as superoxide dismutase and catalase, which enables them to survive
in oxygenated seawater at numbers of 101102 mi' (Hardy and Hamilton, 1981).

Cypionka et al. (1985) investigated the survival after oxygen stress of eight species
of SRB. They found that in the absence of sulfide, all species tolerated 6 min of
aeration without loss of viability. The viability of four species (Desulfovibrio
vulgaris, D. desulfuricans, D. salexigens and Desulfobacterpostgatei) was not
impaired even after 3 hr of aeration in an oxygenated, reductant-free medium. The
four other species were sensitive to 3 hr of aeration, with the surviving fractions of
Desulfotomaculum ruminis, D. nigrificans and Desulfococcus multivorans at about

1%, and that of Desulfococcus orientis about 0.01%. Jørgensen (1977) studied
sulfate reduction in the upper, oxidized marine sediment layer and also in detritus
particles suspended in oxic seawater. Colony forming units of lactate utilizing SRB
were observed in the oxic sediment, with sulfate reduction occurring in reduced
organic-rich sediment pellets 50-200 tm in diameter. Moreover, anaerobic
microenvironments were formed and maintained by scavenging of oxygen by aerobic
organisms during the degradation of the locally high concentrations of organic
matter. The production of sulfide also consumes oxygen. In general, vegetative cells
of SRB die off if a habitat becomes homogeneously oxic over a long period and only
spores of Desulfotomaculum species survive, and thus may be selectively enriched in
dry or oxic soil samples. Desulfotomacula are expected to be the first active SRB if
an environment turns from being aerobic to anaerobic. A selection of these species
due to dry periods has been observed in paddy fields (Postgate, 1984). Sulfate
reducing bacteria differ from other anaerobes in that they produce a chemically
reactive reducing agent. Sulfide traps oxygen and provides a low, favourable redox
potential. Oxygen is not a potent killer of sulfate reducing bacteria, but these bacteria
will remain dormant and not capable of sustained growth in its presence (Marschall
et al., 1993; Postgate, 1984). When anaerobic conditions are restored, growth
resumes immediately as does both deoxyribonucleic acid (DNA) and ribonucleic
acid (RNA) synthesis.

1.4.2 Effects of temperature and salinity

The sulfate reduction rate in sediments strongly depends on the temperature (Perry,
1995). Jørgensen (1977) reported that an increase in temperature of 10 °C stimulates

the sulfate reduction rate 2.0-3.9 times. It is observed that most sulfate reduction
occurs in deep ocean sediments at temperatures <5 °C (Zobell, 1958), even though
SRB will grow more quickly at elevated temperatures. Mesophilic desulfovibrios
grow best at about 30 °C and have an upper temperature limit between 45-48 °C,
while thermophilic desulfotomacula grow best at around 60 °C with a lower limit at
about 35 °C, but are capable to acclimatize very slowly to 30 °C (Postgate, 1984).
Baross and Deming (1983) have found barophilic thermophiles in deep Pacific
hydrothermal vents capable of multiplying, under pressure, at >250 °C. Sulfate
reducing bacteria are found in natural waters of all salinities ranging from near zero
to saturation (Perry, 1995). Many desulfovibrios are able to tolerate up to 6 or 10%
salt (NaCl) (Postgate, 1984).

1.4.3 Effects of pH

Sulfate reducing bacteria prefer an environment around pH 7 and are usually
inhibited at pH values lower than 6 or higher than 9 (Postgate, 1984). However,
sulfate reduction has been observed in peat bogs and in acid mine water that
exhibited pH values of 3-4. It is suggested that SRB in acidic environments occur
because of their ability to form microenivironments of higher, more favourable pH
conducive to their survival (Perry, 1995). They have also been found in waters with
pH between 5 and 6 (Perry, 1995).

1.5

Sulfate reduction

Dissimilatory sulfate reduction is a process in which the sulfate ion (S042 ) acts as an
oxidant for the dissimilation (degradation) of organic material (Gibson, 1990;

Postgate, 1984). A small amount of reduced sulfur is assimilated by the organism by
incorporation into the organismst protein as sulfur-containing amino acids or built
into co-factors, but virtually almost all is released into the external environment as
the sulfide ion (S2 ), usually substantially hydrolysed to free 1-12S. The main organic
carbon/energy substrates utilised by the fastest growing organisms, e.g.,
Desulfovibrio species, are low molecular mass organic acids such as lactic or acetic
acid and alcohols such as ethanol (Voordouw, 1995; White et al., 1997). Individually
and as a group, SRB potentially have the ability to oxidise completely the principal
organic end products of bacterial metabolism in anaerobic environments. Table 1.1
shows the major metabolic reactions carried out by dissimilatory sulfate reducing
bacteria.

The metabolism pathway of carbon dissimilation is essentially similar in all cases in
that the organic substrate is oxidised either completely to CO2 or to some
intermediate compound. Desulfovibrio have a restricted catabolic capacity. Lactate is
the preferred substrate for their growth and is oxidized, probably via pyruvate, to
acetate and CO2 as major end products (Postgate, 1984). The basic reaction of this
process is shown in the following equations, where CH20 represents a carbohydrate
(Herlihy and Mills, 1985):

2CH20 + S042

-

S + 2CO2 + 2H20

s2 + 2CO2 + 2H20

-

H2S + 2HCO3

(1)

(2)
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It is now generally agreed that sulfate reducers have the ability to oxidize completely
the principal end products of fermentation in situ, provided sufficient electron
acceptor is available (Jørgensen, 1977; Jørgensen, 1982). Acetate is considered to be
quantitatively the principal sulfate reducing substrate in natural ecosystems
(Laanbroek and Pfennig, 1981; SØrensen et al., 1981). The transport of exogenous
sulfate across the bacterial membrane into the cell is the initial step in the
biochemical sulfate reduction pathway (Cypionka, 1987; Cypionka, 1989). Newport
and Nedwell (1988) found that this process may be inhibited by the structural
analogue of sulfate, selenate. Once inside the cell, sulfate dissimilation then proceeds
by the action of adenosine triphosphate sulfurylase which combines sulfate with
adenosine triphosphate (ATP) to produce the highly activated molecule adenosine
phosphosulfate (APS), and pyrophosphate, which may be subsequently cleaved
(Wilson and Bandurski, 1958) to yield inorganic phosphate. The cytoplasmic enzyme
APS reductase then rapidly converts APS to sulfite (S03 ) (Stille and Truper, 1984).

The generation of sulfide has a number of consequences that can be divided into
ecological and economical relevance. These include the areas of soil, water and sand
pollution; waste purification; mineral deposit formation; gas contamination; paper
technology; and food spoilage. In particular, the relevance of sulfate reducing
bacteria in relation to metal removal from contaminated waters has received
increased attention in recent years (Chang et al., 2000; Kim et al., 1999; Maree and
Strydom, 1987; White et al., 1997).
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Table 1.1 The major metabolic reactions involving sulfate reducing bacteria (Gibson,
1990).

Metabolic reactions

References

Oxidative reactions
4H, + S042

-

HS + Oft 3H20

Postgate (1984)

4 Formate + H + S042 —. 4HCO3 + HS

Postgate (1984)

Acetate + S042

Widdel & Pfennig (1977)

2HCO3 + HS

-

4 Propionate + 3S042
2 Butyrate + 3S042

-

2 Lactate + S042 + H
2 Malate + S042 + H

4HCO3 + 3HS + H + 4 Acetate
4HCO3 + 3HS + H* + 2 Acetate

-

2C01+ 2H20 + HS + 2 Acetate

Thauer et al. (1977)
Postgate (1984)

4 Succinate + 3S042 + 3H
4 Pyruvate + S042 + H

-

-

4CO2 + 4HCO3 + 3H5 + 4 Acetate

4CO2 + HS + 4 Acetate

4 Fumarate + 2H20 + S042 + H
Glucose + S032 + H

-*

Sørensen et al. (1981)

2CO2 + 2HCO3 + HS + 2 Acetate

-.

-

Widdel & Pfennig (1982)

-*

Postgate (1984)
Postgate (1984)

2CO2 + 2HCO3 + HS + 2 Acetate

2CO2 + 4H20 + HS + 2 Acetate

Postgate (1984)
Zeilner et al. (1989)

4 Benzoate + 16H20 + I5SO42 -f 9H + 28HCO3 + 15HS

Widdel et al. (1983)

2 Ethanol + S042

Kremer et al. (1988)

H + 2H20 + HS + 2 Acetate

-

4 Propanol + 5S042

_

4H20 + 4HCO3 + 5HS + 3H + 4 Acetate

2 Phenol + 6H-,O + 7S042

-*

5H + 12HCO3 + 7HS

Laanbroek et al. (1982)
Bak & Widdel (1986a)

2 Indole + 12H20 + 9S042 - 5H + 16HCO3 + 2NH4 + 9HS

Bak & Widdel (1986b)

4 Nicotinic acid + 20H20 + 11S042

Imhoff-Stuckle & Pfennig (1983)

-

5H + 24HCO3 + 4NH4 + 11HS

2 Furfural + S042 -p 4H20 + 4 Acetate + 2CO2 + HS + H

Folkerts et al. (1989)

4 Betaine + 3S042

Heijthuisjen & Hansen (1989)

-

4 N, N-dimethylglycine + 4CO2 + 4H20 + 3H5 + H

Fermentative reactions
3 Lactate -* 2 Propionate + H* + HCO3 + Acetate

Laanbroek et al. (1982)

Pyruvate + 2H20 -* H, + H + HCO3 + Acetate

Magee et al. (1978)

Malate + 3H20 -* 2H2 + H + 2HCO3 + Acetate

Thauer et al. (1977)

Furnarate + H2

-

Succinate

Magee et al. (1978)

2 Choline + H70 - 2 Trimethylamine + Acetate + Ethanol

Hayward & Stadtrnan (1960)

Ethanol + HCO3 + H2 -f Propionate

Laanbroek et al. (1982)

3 Ethanol + 2HCO3

-

Acetate + 2 Propionate +

Acetate+ HCO3 + 3H2 + H— Propionate + 3H20

+ 3H2O

Laanbroek et al. (1982)
Laanbroek et al. (1982)
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1.6

Interactions with other bacteria

In natural aerobic environments, heterotrophic microorganisms are able to carry out a
complete oxidation of organic carbon to CO2 (Gibson, 1990). In natural anaerobic
environments, however, this process is much more complex and requires the
interaction of a number of different groups of microorganisms (Vosjan, 1982).
Sulfate reducing bacteria exist within a consortium of anaerobic bacteria in which
complex interactions occur among bacterial communities that carry out methane
production and various fermentations along with sulfate reduction (Gibson, 1990).
Sulfate reducing bacteria are not capable of degrading natural biopolymers such as
starch, glycogen and proteins or lipids. Therefore the presence of fermenting bacteria
is required to break down more complex organic matter to simpler organic acids (or
low molecular weight carbon compounds) before SRB can begin to grow.

Moreover, this process first involves the hydrolysis of large molecular weight carbon
compounds such as carbohydrates and lipids to lower molecular weight products
(Figure 1.1), which are in turn fermented into volatile fatty acids (acetate, propionate
and butyrate) and gases (H2 and CO2). These substrates are further degraded by
terminal oxidative processes. It is during these terminal stages that SRB have a major
part in the metabolism of organic detritus (Gibson, 1990). Until the discovery of SRB
that utilized acetate, it was generally accepted that acetate oxidation occurred by
methanogenic bacteria (MB) and sulfate reducing bacteria acting in syntrophy
(Cappenberg, 1974; Cappenberg and Prins, 1974). In sulfate depleted ecosystems
such as freshwater sediments, methanogens are mainly responsible for hydrogen and
acetate utilization. In the presence of sulfate, however, it is evident that
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methanogenesis is inhibited (Mountford et al., 1980; Oremland and Taylor, 1978;
Winfrey and Zeikus, 1977).

Polymeric molecules
(e.g. proteins, carbohydrates, lipids, nucleic acids)

hydrolysis

Low molecular weight products
(e.g. amino acids, sugars, long chain fatty a

fermentation

i
so42SRB

Fermentation intermediates
(e.g. alcohols, lactate, pyruvate, succinate)

s2
So42SRB
s2
Volatile fatty acids
(e.g. acetate, propionate, butyrate)
CO2

H2

so42SRB
S2.

Acetate

17,11.1

CH4

Co2

s2

CH4

Figure 1.1 Anaerobic degradation pathway of organic carbon, showing potential
interactions of sulfate reducing bacteria (Gibson, 1990). (MB = methanogenic
bacteria; AB = acetogenic bacteria; SRB = sulfate reducing bacteria)
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Since SRB have a higher affinity for the mutual growth substrates hydrogen and
acetate, it is now agreed that sulfate reducers are able to out-compete methanogens
for these substrates (King and Wiebe, 1980; Kristjaansson et al., 1982; Oremland and
Polcin, 1982; Robinson and Tiedje, 1984; Schönheit et al., 1982). In anaerobic
reactors, hydrogenotrophic SRB (HSRB) out-compete hydrogen utilizing
methanogenic bacteria (HIVIB) provided sufficient sulfate is present (Omil et al.,
1996; Visser et al., 1993). Moreover, acetate utilizing SRB (ASRB) have a
thermodynamic and kinetic advantage over acetate utilizing MB (AMB) in their
competition for acetate. The predominance of ASRB over AMIB in excess of sulfate
has been demonstrated in continuously stirred tank reactors and in the anaerobic
contact process (Gupta et al., 1994).

1.7

Heavy metal and metalloid removal by sulfate reducing bacteria

The removal, recovery or detoxification of metals and metalloids from solution by
forming solid metal sulfides, by reaction of the metal and metalloids with
biologically generated sulfide (due to the reduction of sulfate) has been studied in the
past. This section summarizes some of the research relating the role of SRB in the
treatment of heavy metal, metalloid and sulfate contaminated waters. The main
mechanism whereby sulfate reducing bacteria remove metals from solution is via the
formation of metal sulfide precipitates (Webb et al., 1998). The solubilities of most
toxic metal sulfides are generally very low and most are stable under anaerobic
conditions (White et al., 1997). Even a moderate output of sulfide can effectively
remove metals, reducing concentrations to levels well below those permitted in the
environment (Crathorne and Dobbs, 1990). The basic reactions mediated by SRB are
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as follows, where M2 represents a divalent metal ion such as Ni2 , Cu2 or Zn2
(Dvorak et al., 1992; Hammack et al., 1994; Kim et al., 1999):

M2, + H2S

-

H + HCO3

MS(s) + 2H

-

(3)

CO2(g) + H20

(4)

The acid generated as a result of equation (3) reacts with bicarbonate ions produced
during the reduction of sulfate by SRB (equation (2)) to form carbon dioxide and
water and remove acidity from solution as CO2 gas as shown in equation (4). The
H2S and HCO3 formed during sulfate reduction equilibrate into a mixture of H2S,
HS, S2 , CO2, HCO3 , and CO3 . Depending on the specific quantities and types of
organic end-products formed and if sufficient sulfate reduction occurs, this mixture
will buffer the solution pH to a particular value typically in the range of 6-7 (Dvorak
et al., 1992). In addition to the formation of metal sulfides, an increase in solution pH
can also contribute directly to the hydrolysis and precipitation of certain metals as
insoluble hydroxides or oxides (Dvorak et al., 1992; White et al., 1997), for example
Al, as hydroxides:

A13 + 3H20

-

Al(OH)3 (s) + 3H

(5)

Sulfate reducing bacteria, are geochemically important in reductive precipitation of
toxic metals, for example, U(VI) and Cr(VI) (Aubert et al., 1998). Desulfovibrio
desuljILricans can couple the oxidation of a range of electron donors to reduction of
Tc(VII). Resting cells, immobilized in a flowthrough membrane bioreactor, was
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found to accumulate substantial amounts of Tc when supplied with formate as the
electron donor (Lloyd et al., 1999). Desulfovibrio desulfiricans can also reduce
Pd(II) to cell bound Pd(0) with the hydrogen-dependent reduction being 02
insensitive, thus providing a means of Pd recovery under oxic conditions (Lloyd and
Macaskie, 1998). Sulfate reducing bacterial biofilm reactors have been used as a
means of process intensification and to entrap or precipitate Cu (White and Gadd,
2000) and Cd (White and Gadd, 1998) at the biofilm surface. White and Gadd (1998;
2000) found that mixed SRB cultures were more effective than pure cultures for
metal removal, which was enhanced by greater production of exopolymers in the
mixed culture.

Tuttle et al. (1969) studied sulfate reduction as a pollution abatement procedure for
acid mine drainage using flasks containing wood dust and mine water. They
observed the precipitation of FeS and decrease in sulfate concentrations in the wood
dust cultures, and concluded that the initiation and rate of sulfate reduction was
controlled by the rate of wood dust degradation. Using acid mine water and wood
dust as the basic culture medium, Wakao et al. (1979) demonstrated that acid mine
drainage could be treated by SRB in both batch cultures and a continuous flow
system. They concluded that if the treatment was to be successful, iron sulfides must
be removed from the system to prevent their reoxidation. Maree and Strydom (1985)
used an upflow packed bed reactor instead of a completely mixed reactor to increase
the sulfate reduction rate. They found that by utilizing sugar, spent liquor from a
sulfite pulp mill and raw sewage sludge as a combined carbon source, 88% sulfate
removal was obtained by providing anaerobic conditions on a solid medium, and that
sulfate reduction could be enhanced by maintaining a low hydrogen sulfide
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concentration by recirculating the water through a photosynthetic reactor for sulfur
production.

The biological sulfate removal from an industrial effluent was also investigated by
Maree and Strydom (1987) using the same reactor system but with molasses as the
carbon source. The degree of sulfate removed under continuous flow conditions
averaged 89% over a period of 90 days at a nominal retention time of 12 hr, with the
levels of Ca, Cr, Cd, Pb, Mn, Ni, Zn, Fe reduced to values near or below analytical
detection limits. Gyure et al. (1990) have demonstrated that sulfate reduction could
occur in sediments that have a bulk pH <4.0. They reported microbial sulfate
reduction in slurries of sediments obtained from acidic strip-mine lakes in Indiana at
pH 3.8. Hammack and Edenborn (1992) investigated the removal of Ni from mine
waters using a mushroom compost-based sulfate reduction system. A nickel removal
rate of 45-75 mg kg 1 d 1 was reported, based on 12 hr residence time, from pH 4.5
wastewater containing up to 1000 mg 1' Ni.

An experimental process demonstration reactor system was installed in 1989, and is
still in operation, at Budelco's zinc refinery at Budel-Dorplein, Netherlands, to treat
underlying groundwater (Barnes et al., 1992). This anaerobic microbial system
removed a wide range of heavy metals (Zn, Cd, Co, Cu, Pb and Fe) in the aqueous
phase to extremely low (tg 1-1) levels, provided that sufficient sulfate was reduced
and the redox potential in solution was maintained at less than -100 mV. In a study
by Dvorak et al. (1992), a simple, pilot scale sulfate reducing reactor was installed to
treat metal contaminated water in an underground coal mine using spent mushroom
compost (50-60% organic matter and 10-15% pulverized limestone) as the carbon
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source. Concentrations of Al, Cd, Fe, Mn, Ni and Zn were typically lowered by over
95%. A bench scale biogenic sulfide and limestone treatment system was used to
treat acidic metal contaminated water from an abandoned open pit copper mine in
Butte, Montana (Hammack et al., 1994). The treatment process removed >99% of the
initial concentrations of Fe, Cu, Zn and Al in the mine water, and was also capable of
removing 91% of the initial Mn. The limestone initially increased the pH of the water
entering the bioreactor but eventually became passivated, possibly due to the
precipitation of gypsum, silica, clay minerals and aluminium hydroxides.

A combined chemico-biological sulfate reduction system has also been successfully
used to treat wastewaters from coal depyritization (Groudeva and Groudev, 1994).
The wastewater was first treated with lime to increase the pH to about 3.5 then
passed into an anaerobic fixed-bed reactor for microbial sulfate reduction. Molasses
was used as the carbon source. High rates of microbial sulfate reduction (as high as
440 mg 1-1 hf') was achieved, pH increased from about 3.5 to 8.2 and heavy metal
(Fe, Cu, Zn, Pb, Co, Cd) removal was practically complete with only concentrations
in the .tg 11 level remaining in the aqueous effluent. Christensen et al. (1996) have
demonstrated the feasibility to use SRB for the treatment of acid mine water in situ in
water filled mines and open pits. Effectively the idea was to stimulate bacterial
growth and metabolism directly in the contaminated body and use the pit itself as a
sedimentation basin for metal sulfide sludge formed by precipitation. They showed
that dairy whey stimulated bacterial sulfate reduction when added to acid mine water
in a bench scale treatment experiment. The residual concentrations of both Cu and
Zn were below the detection limits of 0.05 mg r'. A similar restoration technique
was used by Uhrie et al. (1996) for the in situ immobilization of heavy metals in

aquifers associated with uranium leach mines by bacterial sulfate reduction. Results
from their laboratory experiments with mixed populations of SRB showed that 98%
of the initial U was removed after 3 days of incubation; 95% Se was removed within
4 hr with an additional 2% removed over the next month; 96% As was removed after
6 days of incubation; and 98% of the initial V was removed after 8 days.

A laboratory scale bacterial sulfate reducing internal sedimentation bioreactor was
employed by White and Gadd (1997) for the bioprecipitation of toxic metals (Cd, Cr,
Cu, Mn, Ni, Zn) in acid leachates from metal contaminated soil. They reported >95%
metal removal efficiency. Elliott et al. (1998) have demonstrated that a mixed culture
of SRB isolated from sediment samples taken from Dawsley Creek at the abandoned
Brukunga pynte mine, South Australia, were capable of sulfate reduction and
production of alkalinity at pH as low as 3.25 in an upflow anaerobic bioreactor.
Moreover, the SRB remained viable after exposure to pH 3.0 conditions for 21 days.
Benner et al. (1999) studied the geochemistry of a permeable reactive barrier
installed into an aquifer containing effluent from mine tailings. It was designed to
remove metals and generate alkalinity by promoting sulfate reduction and metal
sulfide precipitation. They found that the passage of groundwater through the barrier
resulted in striking improvement in water quality, with dramatic decrease in
concentrations of sulfate and metals, and increase in alkalinity. Drury (1999)
investigated the treatment of acid mine drainage with anaerobic solid-substrate
reactors. He found that sulfate reducing activity was an important component of the
overall metal removal process, with Cu and Cd removal exceeding 99%.
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An innovative approach to prevent the production of acidic leachate from mining
waste piles was described by Kim et al. (1999). It involved the promotion of growth
of SRB within the waste piles for in situ treatment of acidic leachates containing
toxic metals. Using lactate as a carbon source, inoculation of mine wastes materials
in batch reactors with SRB resulted in the decrease in concentrations of Cd, Cu, Ni
and Zn to undetectable levels and increase in pH from -P3 to >7.0. In comparison, in
continuous flow column experiments, effluent pH values above 7 and metal removal
efficiencies of >99% for Cd, Cu and Zn, and 87% for Ni were obtained. In situ
stimulation of SRB in lake water from a former open pit mine through the addition of
organic waste was investigated by Castro et al. (1999). Varying amounts of organic
waste products (waste from a potato processing plant and composted steer manure)
were added to pit water and maintained in microcosms under anoxic conditions and
monitored over 200 days. In selected microcosms, populations of SRB increased
over time; sulfate, Fe and As concentrations decreased to almost zero; and pH
approached neutrality. Methanol has been used as a carbon source for revitalizing
and maintaining the activity of SRB in a pilot scale anaerobic bioreactor treating
metal contaminated water at the Leviathan Mine, Alpine Country, CA (Tsukamoto
and Miller, 1999). The bioreactor initially used horse manure as carbon substrate,
and was efficient at removing sulfate, As and divalent metals for a period of one
year. By the end of the second year, the system removed less than 10% of the
influent sulfate and Fe. However, upon addition of methanol and following an
acclimation period, the system ultimately reduced the influent sulfate concentrations
from 2005 to 615 mg 11 and Fe concentrations from 242 to 16 mg 11 .
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The growth of SRB in copper sulfate solutions and efficacy of removal of copper
from those solutions has been investigated (Jalali and Baldwin, 2000). Sulfide not
limiting, Cu was seen to precipitate out more quickly in the presence of bacteria cells
than without bacteria cells. In solutions containing 150 mg 11 or less of initial Cu,
SRB was capable of removing copper to less than 0.1 mg F'. In 5 day batch tests,
little inhibition of sulfate reduction was observed in experiments containing initial
concentrations of <50 mg 1-1 Cu. Foucher et al. (2001) reported that Cu and Zn were
selectively recovered at pH 2.8 and pH 3.5, respectively, while Ni and Fe were
removed at pH 6.0 in a fixed-bed column reactor used in conjunction with a distinct
gas-stripping column for the treatment of acid mine drainage (Chessy-Les-Mines,
France) by SRB. The maximum sulfate reduction rate observed was 200 mg 1- 1 h',
corresponding to a residence time of 0.9 day. More recently, the rates of sulfate
reduction and metal precipitation in a full-scale reactive barrier treating contaminated
groundwater at the Nickel Rim mine site near Sudbury, Ontario, has been reported
(Benner et al., 2002). The barrier efficiently removed sulfate and Fe over a 3 year
period, demonstrating the long-term viability of this remedial approach. Kaksonen et
al. (2003) investigated the treatment of synthetic wastewater containing sulfate, Zn
and Fe using sulfate reducing biofilm and suspension processes. Using lactate as a
carbon source, they obtained precipitation rates of 250 and 350 mg F' d' for Zn in
fluidized bed and upflow anaerobic sludge blanket reactors, respectively, and 80
mg 1' d' for Fe in both reactors with hydraulic retention time of 16 hr. In view of the
available literature, the use of biological sulfate reduction to treat contaminated water
containing sulfate and dissolved heavy metals and metalloids has been widely
studied. Reviews of this topic have been provided by Lovley (1993), Lovley and
Coates (1997), Nealson and Stahl (1997), Chen and Hao (1998) and Gadd (2000).
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Woodcutters was a silver-lead-zinc mine located about 80 Kin south of Darwin, in
the Northern Territory, Australia (Figure 1.2). It recently ceased production and is
currently undergoing a 4 years rehabilitation program. Between 1985 to 1991, the
mine produced 172 000 tonnes of Pb and 341 000 tonnes of Zn concentrates. The
climate of the region is monsoonal with distinct wet and dry seasons. The wet season

23

extends from November to March and the dry from May to September. The months
of April and October are transitional months. The dry season can be considered a
period of drought since virtually no rain falls during this season. However, easterly
disturbances can cause unseasonal rainfall in May and June. The region can
experience heavy rainfalls during the wet season. Typically the rainfall in the region
varies from around 700 mm to over 2200 mm. Sediment and water samples were
collected at Woodcutters mine during the 1999 and 2000 wet seasons. The location
of the mine and study sites are shown in Figure 1.2.

1.9

Project objectives

As discussed above, the immobilization of heavy metals and metalloids via bacterial
sulfate reduction and precipitation as insoluble sulfides have been documented.
However, virtually no prior work has been done to examine the various chemical
forms of metalloids and heavy metals present and the fate of these species within
such systems over time. That is, how available the metals are to chemical
transformation, remobilization and immobilization. This present study investigated
these issues as applied to the removal of heavy metals, arsenic and sulfate from
contaminated waters by sulfate reducing bacteria. The main objectives of this
research were:

1) To determine the performance and chemistry of a bench-scale upflow
anaerobic packed bed reactor (UAPB) used to remove heavy metals, arsenic
and sulfate from contaminated waters, without forming high amounts of
dissolved residues.
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To examine the extent to which adsorption of metals onto biogenic sulfide
mineral surfaces occur and how it might change under various conditions.

To determine the predominant chemical forms of heavy metals and arsenic
precipitated in an anaerobic bioreactor and their mode of binding in these
anaerobic solid-phase sludges as a tool for estimating their mobility and
bioavailability.

To examine the stability of arsenic that has been immobilized by microbial
sulfate reduction and the role of dissolved oxygen on the stability of these
arsenic precipitates over time.
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Chapter 2 Microbial Sulfate Reduction Under Acidic Conditions
2.1 Introduction

High levels of metals, sulfate and other salt constituents and low pH are common
characteristics of wastewater produced in mining, metal processing and
petrochemical industries (Tuppurainen et al., 2002). For example, the potential for
contamination of the environment by acid mine drainage (AMD) has been well
documented (Herlihy et al., 1987). The impact on terrestrial and aquatic ecosystems
by AMD is potentially enormous not only because of its high acidity and elevated
dissolved metal content, but also because of the large quantities of this water that can
be produced. The treatment of metal and sulfate contaminated waters by sulfate
reducing bacteria (SRB) is based on the ability of these organisms to use sulfate ions
as the terminal electron acceptor for the metabolism of organic substrates to produce
sulfide ions, which readily reacts with most dissolved metals to form insoluble metal
sulfide precipitates (Jalali and Baldwin, 2000; Tsukamoto and Miller, 1999;
Tuppurainen et al., 2002; Utgikar et al., 2002), although precipitation with
hydroxides and carbonates and sorption into biomass are also possible (Drury, 1999;
Groudev et al., 1999). The potential advantages of metal sulfide precipitation include
the production of a denser sludge, lower sludge volume and lower solubility products
as compared to hydroxide precipitation produced in chemical treatment processes
(Jalali and Baldwin, 2000; Peters et al., 1985; Whang et al., 1982). Moreover,
valuable metals from biologically precipitated metal sulfide can be recovered and
recycled (Boonstra et al., 1999).
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The use of biological sulfate reduction to treat contaminated groundwater containing
sulfate and dissolved heavy metals has been widely investigated (Barnes et al., 1992;
Boonstra et al., 1999; Dvorak et al., 1992; Tuttle et al., 1969). Biological sulfate
reduction has been studied in various reactor designs, such as anaerobic contact
process (Haas and Polprasert, 1993), anaerobic filter (Dvorak et al., 1992; Elliott et
al., 1998; Farmer et al., 1995), stirred tank reactor (Moosa, 2000), upflow anaerobic
sludge blanket reactor (Boonstra et al., 1999; de Vegt et al., 1998; Harnmack and
Dijkman, 1999), hybrid reactor (Nedwell and Reynolds, 1996; Steed et al., 2000) and
fluidized-bed reactors (Ma and Hua, 1997; Somlev and Tishkov, 1992). There have
been few successful applications of SRB mediated AMD treatment systems, even
though the possibility of using SRB to remediate AMD has long been appreciated
(Tuttle et al., 1969). The main reason being that the pH optimum for growth of SRB
is between pH 5-9 (Postgate, 1984), whereas AMD generally has a pH between 2 to
4 (Béchard et al., 1994), and commonly less than pH 3 (Hammack et al., 1993).

The metabolism of bacteria can cause the impedance and conductivity of a culture
medium to decrease and increase, respectively, due to the generation of charged
mobile metabolites such as organic acids, and decomposition of large molecules into
a number of smaller ones (Firstenberg-Eden and Eden, 1984). Bacterial activity can
be correlated with changes in impedance and conductivity and can be used to
enumerate bacteria. Impedance measurements has been used for the detection and
enumeration of contaminant bacteria in the food industry (Curda and Plockova,
1995; Madden and Gilmour, 1995), in medical and microbial research (Ciureanu et
al., 1997; Silley and Forsythe, 1996), in solid-state fermentations (Deng et al., 1996),
in soils (Haigh and Rennie, 1994) and in the detection of SRB activity in sediments
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(Oremland and Silverman, 1979). Electrical conductivity has been used to detect
bacterial activity in soils (Silverman and Munoz, 1974) and in cultures (Maurer and
Gujer, 1995; Palmqvist et al., 1994). Since there is no need to account for reactance
when a direct current power source is used, the use of electrical conductivity
measurements is a relatively simpler method than impedance. There have been
relatively few studies (Lyew and Sheppard, 1999; Lyew and Sheppard, 1997) that
use conductivity measurements for the detection of bacterial activity in anaerobic
sulfate reducing bioreactors treating acidic sulfate and heavy metal contaminated
waters, as reflected by the reduction of sulfate and metal concentrations. The
objectives of this study were to operate an upflow anaerobic packed bed reactor
(UAPB) containing SRB under acidic conditions similar to those found in AMD, and
to evaluate the use of conductivity measurements as a monitoring tool for the
treatment process.

2.2

Materials and Methods

2.2.1 Upflow anaerobic packed bed (UAPB) reactor

The laboratory scale upflow anaerobic packed bed (UAPB) bioreactor system
consisted of six main components: influent medium reservoir tank, nitrogen gas
source, peristaltic pump, fixed bed column, effluent tank and a volatile gas trap
(Figures 2.1 and 2.2). The substrates were pumped from the influent medium
reservoir tank to the bottom inlet of the reactor by means of a variable speed
peristaltic pump. The pump was calibrated at the start of each experiment and every
6 days thereafter. The UAPB bioreactor was constructed from a light grey polyvinyl
chloride (PVC) pipe with an overall height of 800 mm, an internal diameter of 90
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mm and a net empty working volume, V,, of 4.78 ± 0.011. It was equipped with a
total of ten ports used for sampling either liquid or solid material along the height of
the reactor. Seven 12.5 mm diameter sampling ports were located on one side of the
column and located at 0 (inlet), 225, 335, 445, 555, 665 and 800 (outlet) mm from
the base of the column. The other three were 38 mm diameter sampling ports located
directly on the opposite side of the column with respect to the second, fourth and
sixth 12.5 mm sampling ports and the inlet. The 12.5 mm ports were plugged with
Zenith 5/11" x 17/32" electrical wiring grommets with DiscoFix three-way luer locks
(Cat. No. 04098102) inserted into them. The 38 mm diameter ports were plugged
with Advanx 11/8" heavy butyl rubber bungs mounted onto a screw-on PVC cap.
The UAPB reactor, all connecting tubing, valves and vessels were thoroughly
cleaned by soaking in 1% DeconTM followed by soaking in 2% HNO3 for 48 hours
and rinsing with Hi-Pure water (Permutit).

The flow was dispersed with the aid of a frustum shaped cowling located at the base
of the reactor (near the inlet), which also served to contain the porous media. The
reactor was filled with >2 mm fraction of a commercially available coarse pool filter
sand (Commercial Minerals Limited, Melbourne, Australia). This support material
was further pre-treated by washing with distilled water, soaking in 5% HNO3 for 72
hours to remove organic material, and washing with distilled water again before
rinsing with Hi-Pure water and drying in a 60 °C oven. The acid-washed sand was
stored in double zip-lock plastic bags until required. Sand particles were poured from
the top into the reactor partially filled with liquid medium. The liquid medium was
added by using a 250 ± 1.5 ml volumetric cylinder. The rate of addition of the liquid
medium was controlled such that the liquid level above the sand bed after sand
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particles settled was no more than 2 mm. The medium was still added into the reactor
even when the addition of sand media was finished in order to tighten the bed and
condition the column. The final bed height was set at 746 ± 2 mm with respect to the
inner base of the cowling. Before conducting an experiment, a volume of medium,
equivalent to approximately 1.0 pore volume, was pumped through the UAPB
reactor to further stabilise and condition the sand bed. A slow and continuous purge
of high purity nitrogen (Air Liquide) was bubbled through the medium reservoir
tank. The experiments were conducted at room temperature (23 ± 1 °C).

2.2.2

Column parameters

For practical purposes, the pool sand itself was assumed to be a non-porous media.
The particle density, p, of the sand was estimated by quantifying the volume of
water displaced by a given mass of particles. This was determined to be 2.62 ± 0.12 g
cm 3. The total sand bed volume, Vb, was calculated using the bed height and the
inner diameter of the column. The bed volume was corrected to take into account the
volume of the cowling. The pore volume, V, was determined by the difference
between the total bed volume, Vb, and the volumetric change observed in the net
empty volume of the column, V, after the addition of the sand media. The porosity
or void fraction, €, of the static sand bed was defined as the fraction of the volume
within the bed which is not occupied by sand particles. That is, C equals VJVb.
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Figure 2.1 A schematic diagram of the upflow anaerobic packed bed bioreactor
(UAPB) used in this study.

Figure 2.2 A photo of the UAPB system used in this study.
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2.2.3 Hydrodynamics

The flow rate, Rf, of the medium was varied between 1.19-3.80 ml m1n'
(approximately 0.71

-

2.28 pore volumes per day) according to each experimental

condition. An initial hydraulic retention time (HRT) of 35.5 hours was used since the
actual HRT that would be used was unknown. The hydraulic retention time, at a
specific flow rate, Rf, was defined as:

HRT (hr)=

Effective working volume of reactor, Ve (ml)
Flow rate (ml mm 1) x 60

The effective working volume of the reactor, Ve, is equivalent to the observed
volumetric change in the net empty volume of the reactor, V, after the addition of
the sand media. At any given flow rate, the dilution rate, dr, with respect to the liquid
volume was determined as the ratio of the flow rate to the product of the total bed
volume and void fraction:

Dilution rate, d (hr') =

R f (ml hr 1 )

Vb (ml)xe

The equivalent superficial flow velocity, v0, at a given flow rate was defined as the
quotient of the average volumetric flow rate to the cross-sectional area (radius, r =
4.515 ± 0.001 cm) perpendicular to the flow:

Superficial flow velocity, v0 (cm hr1) =

R (ml hr 1 )
rxr

(3)

46
2.2.4 Operational protocol

Postgate's Medium C (Postgate, 1984) was used for operational studies. The
composition of this medium is shown in Table 2.1. The pH of the medium was
adjusted to the desired value using 1 M H2SO4 or NaOH. The bioreactor was initially
filled with Medium C at pH 6.5 and inoculated with 400 ml of a mixed culture of
SRB isolated from Woodcutters Mine (see below). Continuous flow was started with
a predetermined flow rate 5 days after inoculation using Medium C at pH 6.0.
Sampling was carried out along the height of the bioreactor. Samples for pH, Eh and
conductivity, and iron, sulfate and sulfide concentration measurements were taken on
the first, second and fifth day of column incubation at a new pH and every five days
thereafter. When the pH of the column effluent reached a stable value the pH of the
medium entering the column was lowered. At a given fixed flow rate, the bioreactor
was thus operated at progressively lower pH values of 5.5, 5.0, 4.5, 4.0 and 3.5. A
control column, containing no SRB, was also treated in the same manner as the
inoculated or SRB column. At the completion of each experiment, sand was sampled
at 225, 445 and 665 mm from the base of the column. Approximately 12.5 g of sand
was transferred into a 250 ml Schott bottle and SRB was cultured using Postgate's
Medium B (Postgate, 1984) (Table 2.1) and the procedures described below.

2.2.5

Source of bacterial organism

The organisms used for this study were local populations of sulfate reducing bacteria
found at the Woodcutters mine site. Both water and sediment samples were obtained
from the wetland filter located on the northeast side adjacent to Observation Bore
24D (see Figure 1.2). Wetland water was sampled by either withdrawing water
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directly into a sterile 250 ml Schott bottle by means of a battery operated pump or
by pushing a closed, sterile, 250 ml Schott bottle approximately 30 cm into the
wetland filter before unscrewing the lid and allowing it to fill. The vessel was then
sealed, removed from the sediment and placed in a cool box for transport. Wetland
sediment was obtained from approximately 10 cm below the surface of the sediment
bed using a plastic trowel, placed immediately in double zip-lock plastic bags and
stored in a cool box for transport. Once in the laboratory, all the samples were
removed from the cool box, purged with high purity nitrogen (Air Liquide) to
minimise sample exposure to oxygen and stored in a 4 °C refrigerator until required.

Table 2.1 Media used for operational studies, and isolating and culturing sulfate
reducing bacteria (Postgate, 1984).

Medium

Composition

B

KH2PO4

0.5

NH4C1

1.0

CaSO4

1.0

M9SO4.7H,0
FeSO4.7H10

2.0

C

Concentration (g F')

Sodium lactate
Yeast extract
Ascorbic acid
Thioglycoffic acid

0.5
3.5
1.0
0.1
0.1

KH2 PO4

0.5

NH4CI

1.0

Na2SO4

4.5

CaC11.6H20
M9SO4.7H70
FeSO4.71120
Sodium lactate

0.06
0.06
0.004
6.0

Yeast extract

1.0

Sodium citrate

0.3
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2.2.6 Isolation and culturing of SRB

The medium used to isolate and grow SRB was Postgate's Medium B (Postgate,
1984). This medium is a general purpose medium for detecting and culturing
Desulfovibrio and Desulfotomaculum, but not Desulfotomaculum acetoxidans. The
formation of a precipitate is characteristic of this medium, which aids growth of
strains that are restricted to solid surfaces (tactophilic). This medium was also used
for long term storage of SRB strains. The composition of Medium B is shown in
Table 2.1. A 11 volume of Postgate's Medium B was made up with tap water. The
solution was pH adjusted with 2 M NaOH or HCl to between pH 7 and 7.5 and
autoclaved at 121 °C and 15 psi for a period of 20 mm. The medium was then used
as soon as it was cooled because the reductants deteriorate in air at neutral pH values,
a process indicated by a transient purple colour (Postgate, 1984).

Batch screening of water and sediment samples for SRB was carried out by adding
12.5 ml of wetland water or 12.5 g wetland sediment into a sterile 250 ml Schott
bottle and completely filling it with Postgate's Medium B. The contents of the bottle
were rendered anoxic by adding 25 mg Na2S and gently purging with high purity
nitrogen for 5 mm. The bottle was then sealed and incubated for 5 days at 35 °C in an
incubating oven. After this period the SRB were subcultured by adding 3 ml of the
above SRB culture to a new sterile 250 ml Schott bottle and completely filled with
Postgate's Medium B. The bacterial solution was then purged with high purity
nitrogen gas and incubated for 5 days at 35 °C. This procedure was repeated as
required to ensure a replenished stock of SRB. The SRB used for operational studies
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were sub-cultured at least 3 times on Medium B before inoculation into the
bioreactor.

2.2.7 Determination of the presence of SRB

The presence of SRB was determined by either the direct observation of the
formation of black iron sulfide precipitate or using microscopic techniques. A slide
of the SRB was mounted by placing one drop of the culture onto a slide and covering
with a coverslip. Both the slide and coverslip were previously sterilised by soaking
overnight in 70 % ethanol. The SRB was viewed using an Olympus BH-2 phase
contrast microscope (x1000, Olympus Optical Co., Ltd, Japan) equipped with an oil
immersion objective lens and 100 W halogen lamp (Olympus HAL-L). The
observation of motile vibrios was indicative of SRB. Images were captured by an
Olympus DP11-P camera (x3.3, Olympus Optical Co., Ltd, Japan) connected to a
computer.

2.2.8 Transmission electron microscopy

Transmission electron microscopy (TEM) samples were prepared according to the
procedures described by Mann and Melkonian (1994). Briefly, cell suspensions were
placed on copper mesh grids and treated with 5% glutaraldehyde fixative for 5 mm.
After this period, the liquid was removed and immediately stained by negative
contrast by adding equal volumes of Hi-Pure water (Permutit) and 2% uranyl acetate.
After approximately 90 seconds, the liquid was removed and the grid was
immediately examined on a JEOL JEM 1200 operating at 80 W.
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2.2.9 Analytical methods

All plasticware and glassware used were thoroughly cleaned by soaking in 1%
Decon followed by soaking in 10% nitric acid for 48 hours, rinsed several times
with Hi-pure water and finally oven dried. All reagents and chemicals used were
"analaR" grade or better. All filtering requirements were performed using sterile 0.45
tm nitrocellulose syringe filters (MilliporeTM). Hi-Pure water (Permutit) was used
throughout this work unless otherwise stated. An Activon redox/pH combined
electrode (Model No. AEP53 1) with a Cyberscan pH 200 meter (Eutech Cybernetics,
Singapore) was used to measure the redox potential (Eh) and pH on unfiltered
samples immediately in a nitrogen box. The pH meter was calibrated using pH 4 and
pH 7 buffer solutions (BDH Chemicals). Conductivity was measured using a Hanna
Instruments portable conductivity meter and probe (HI 8733). The conductivity
meter was calibrated using a one point calibration using 0. 1M KCI buffer solution
(HI 7030/HI 8030). This gives a conductivity value of 12.88 mS cm' at 25 °C. The
redox readings were always obtained before that for pH and conductivity
measurements.

Dissolved sulfide was determined from measurements of methylene blue absorption
using a Hitachi Ui 100 UV-Vis spectrophotometer at 670 nm. The method was
modified from the analytical procedures described in Standard Methods for the
Examination of Water and Wastewater (Greenberg et al., 1992). A 1 ml unfiltered
aliquot sample was transferred into a clean 50 ml polyethylene centrifuge tube
(Falcon) containing 2.5 ml 0.006 M FeC13 6H20 and 2.5 ml N, N-dimethyl-pphenylene diamine dihydrochioride, and diluted to the mark with Hi-Pure water. The
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resulting solution was mixed immediately by inverting slowly, only once. Excessive
mixing was avoided as it causes erroneous results by loss of H2S before it has had
time to react. The solution was then allowed to stand for 5 minutes at room
temperature in the dark for colour development, before measurement of methylene
blue absorption by UV-Vis spectrophotometry. A blank containing reagents but no
sample was also carried out simultaneously through the procedure. Fresh stock
sulfide solutions were prepared as required by dissolving appropriate amounts of
Na2S9H2O with N2-purged HP water. Stock solutions of 0.006 M ferric chloride
solution was prepared by dissolving appropriate amounts of FeC13 6H2O in 6M HCl.
Stock solutions of N, N-dimethyl-p-phenylene diamine dihydrochloride
(phenylenediamine) was also prepared in HCl media by dissolving 0.8 g of the
diamine in 200 ml 6 M HCl. Fresh phenylenediamine solution was used to avoid
oxidation and discolouration of the solution that results in interfering colours in the
analysis.

Iron (57Fe) concentrations were measured by inductively coupled plasma mass
spectrometry (ICP-MS) on acidified (1% HNO3) samples using a Perkin Elmer Elan
6000 equipped with a Conikal concentric nebulizer (Glass Expansion, Part No.
AR30-1-FC3). hon standards were prepared by diluting appropriate volumes of 1000
mg F' high purity Fe standard (Alpha Resources Inc., Australia). Water samples
fixed with 1% }Th03 were analysed for total sulfur by inductively coupled plasma
spectroscopy (ICP-AES) on a Perkin Elmer Plasma 400 at a wavelength of 182.037
nm. The ICP-AES was flushed with high-purity nitrogen for about 1.5 hr prior to
sulfur analysis. Dissolved sulfate concentrations were calculated from the total sulfur
concentrations, assuming that the presence of other sulfide species, such as
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polysulfides, was negligible. Stock solutions of 1000 mg y1 S were prepared by
dissolving appropriate amounts of Na2SO4 salt with 0.1% HNO3. Sulfur standards
were prepared by diluting appropriate amounts of the stock 1000 mg 1' 5 solution.
Blanks containing reagents but no sample were prepared under identical conditions.
Samples spiked with known concentrations of either Na2SO4 or Fe were also
measured. All samples and standards were stored at 4 °C until required for analysis.

2.3

Results and Discussion

2.3.1 Quality control

Matrix spikes performed on samples showed no matrix interferences in the detection
of iron, sulfide and sulfate. Typical average mean recoveries of Fe, 2 and 5042
were 98.5, 98.6 and 99.2%, respectively, and are shown in Table 2.2. Iron, S2 and
S042 were not detected above the detection limits for any of the calibration and
sample blanks. The detection limits for iron, sulfide and sulfate concentrations are
also shown in Table 2.2.

2.3.2 Microscopy

Figure 2.3 and Figure 2.4 shows a phase contrast image and a TEM micrograph,
respectively, of the vibno and rod shaped SRB typically observed in this study. The
SRB cell was approximately 2.9 jim long with a diameter of 0.5 p.m. A thick, slimy
layer surrounding the cells was observed (Figure 2.4). The excellent contrast of the
TEM micrograph indicates that the iron was associated with the slime on the
bacterium surface. Geesey and Jang (1989) reported that this slime layer or capsule is
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usually a polysaccharide with a repeating unit of two to six sugar subunits and is
anchored to the outer cell wall. These naturally produced polymers bind
electrostatically or physically the bacterial cells and other particulates causing them
to settle readily as floc aggregates. Metal sulfide formation and association with the
bacteria cells and capsule is advantageous for metal removal from waste water
because it facilitates settling and separation of the metal precipitate from the aqueous
phase.

Table 2.2 The detection limits and spike recoveries of analytes measured in this
study.

Detection limita
Fe (tg F')

Sulfide (S2 ) (mg F') Sulfate (S042 ) (mg F')

3.74
Analyte
Fe

0.33

0.52

Spiked amount (mg 11)b Analyte found (mg F)c Analyte recovered
2

1.97

98.5

Sulfide (S2 )

200

197.3

98.6

Sulfate (S042 )

2000

1985

99.2

aDetection limit = 3 x standard deviation of 6 replicate blanks.
Spiked
samples from experiments conducted with a flow rate of
2.61 ml m1n 1 and at pH 4.5.
CAverage recoveries from triplicate samples.

2.3.3 Performance of bioreactor

The bioreactor parameters used for this study are presented in Table 2.3. The
bioreactor was capable of supporting sulfate reduction at pH values of 6.0, 5.0, 4.5,

(%)C
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4.0 and 3.5 under continuous flow conditions. At pH 3.5, however, sulfide
production was not sustained although a low level of sulfate reduction occurred for
5-8 days (Figure 2.5(a-c)). Similar trends were observed for experiments conducted
with flow rates of 1.19 (Figure 2.5 (a)), 2.61 (Figure 2.5(b)) and 3.80 ml m1n'
(Figure 2.5(c)). Figure 2.5 shows that an adaptation period was required for the
bacteria to adjust to decreases in pH. This was evident at all pH values and flow rates
tested, and was reflected by an immediate drop in SRB activity corresponding to a
decrease in sulfide concentration and effluent pH after the pH of the influent solution
was lowered (Figure 2.5). It was also observed that as the influent solution became
more acidic, longer periods of adaptation were required. For example, after 2 days of
continuous flow at pH 4.5 (Figure 2(b), day 32) the pH of the column effluent was
6.74 and it contained 135 mg I' sulfide. When the influent medium was lowered to
pH 4.0 (Figure 2.5(b), day 41), the effluent pH and sulfide concentration dropped
sharply and 5 days were required before significant SRB activity occurred,
increasing the effluent pH to 6.51 and producing 109 mg F' sulfide (Figure 2.5(b),
day 45). Influent solution was introduced at pH 3.5 from day 56 (Figure 2.5(b)).
Although the SRB were able to raise the column effluent pH to 4.25 and produce 32
mg F' sulfide by day 65 (Figure 2.5(b)), this activity was not sustained and the
effluent sulfide and pH dropped dramatically and ultimately caused process failure.
Conversely, the control column, which contained no SRB, showed no sulfide
production or change in pH (Figure 2.5(d)) over the entire experimental period.

55

Table 2.3 Operational parameters of the upflow anaerobic packed bed (UAPB)
bioreactor used in this study.

Column Parametersa
Experiment
SRB
SRB
SRB
Control

Rf (ml min)

HRT (hr)

V (ml)

F,

d(hr")

v0 (cm hr)

1.19
2.61
3.80
2.61

35.46
16.35
10.91
16.31

2401
2431
2356
2422

0.516
0.523
0.507
0.521

0.030
0.064
0.097
0.065

1.11
2.44
3.56
2.44

rate; HRT = hydraulic retention time; V = pore volume;
= sand bed porosity; d r = dilution rate; v0 = superficial flow velocity

aRfflOW

I

I

Figure 2.3 A phase contrast image (x 1000) of the SRB typically observed in this
study. The image was viewed using an Olympus 131-1-2 phase contrast microscope
equipped with an Olympus DP 11-P camera connected to a computer.
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S

200 rim

Figure 2.4 A transmission electron microscope (TEM) micrograph (x 20000) of a
SRB stained with 2% uranyl acetate. Note the presence of extra-cellular polymeric

substance and iron precipitates. The image was viewed a JEOL JEM 1200
transmission electron microscope operating at 80 kV.

The results show that the lowest pH at which the column could support significant
sulfate reduction was pH 4.0. It was assumed that the SRB had succumbed to the
extreme pH when sulfide production ceased at pH 3.5 on day 75 (Figure 2.5(b)).
However, when sand from the column was cultured into Postgate's Medium B (pH
7.0-7.5), a population of SRB was detected along the length of the bioreactor. This
observation suggests that the SRB were not killed, but rather laid dormant or able to
metabolize at low levels in pH 3.5 conditions for 20 days. It is possible that the sand
bed provided the SRB with some physical protection, which enabled them to
condition the immediate environment through their metabolism to form microcosms
that are conducive to their survival.
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Figure 2.5 The influent and effluent pH and the sulfide concentration in the
bioreactor under continuous flow regime. The flow rate was (a) 1.19 ml min d , (b)
2.61 ml mind , (c) 3.80 ml min' and (d) control column.

In comparison to the findings of Gyure et al. (1990), who showed that concentrations
of organic acid greater than 5 mM completely inhibited SRB activity in sediments at
pH 3.8, the results from the present study show that SRB activity occurred in the
bioreactor at pH values of 4.5 and 4.0, and to a lesser extent at pH 3.5 in medium
containing 53.5 mM lactate. Gyure et al. (1990) suggested that undissociated organic
acids were able to diffuse across the cell membrane at low pH and prevent the
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bacteria cell from maintaining a membrane potential and proton motive force. It is
conceivable that the high lactate concentration used in this study caused an inhibitory
effect on SRB activity in the bioreactor at pH 3.5. However, a high level of sulfate
reduction was observed at pH values of 4.5 and 4.0, suggesting that the inhibition of
growth of SRB in acidic conditions is not solely due to organic acid toxicity. This
study demonstrates that SRB growth is possible at pH values below pH 4.5, at least
when SRB are attached to sand particles.

2.3.4 Sulfide production versus reactor height in acidic conditions

Residual sulfide was analysed at various sampling port heights for the three different
flow regimes under acidic conditions (i.e. at pH 4.5 and pH 4.0). Figure 2.6 shows
residual sulfide concentrations at different reactor port heights. The front of sulfide
production advanced towards the inlet at the base of the column as the SRB became
adapted to acidic conditions (Figure 2.6(a-f)). This pattern was observed for all flow
rates tested. This observation is in contrast to the findings of El Bayoumy et al.
(1999), who found higher SRB biomass near the bottom of an upflow anaerobic
fixed film reactor used for the removal of heavy metals and chemical oxygen demand
(COD) in wastewater. The difference may be attributed to the neutral pH of their
influent solution and thus the SRB did not have to adapt to decreasing pH values
unlike those encountered in this study. At pH 4.5, sulfide concentration was less than
the detection limit below 445 mm on the second day of incubation at pH 4.5 (Figure
2.6(c)). However, sulfide was detected at 225 mm from the base of the column after
ten days of incubation at pH 4.5 (Figure 2.6(c)). The front of sulfide production also
advanced towards the inlet of the column when the column was incubated at pH 4.0
(Figure 2.6(d)). Residue sulfide was not detected below 445 mm on the 5th day of
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incubation at pH 4.0. However, after 15 days sulfide was detected at 335 mm along
the column. Therefore as the incubation progressed, a greater portion of the column
was supporting growth of sulfate reducing bacteria.

Sulfide production also increased with time as the column was incubated at a given
pH. For example, the maximum concentration of sulfide detected within the column
was 52 mg F', at 665 mm from the base, after 2 days of incubation at pH 4.5 in
experiments conducted with a flow rate of 2.61 ml min' (Figure 2.6(c)). By day 10
the residue sulfide concentration had increased to 125 mg i'. In comparison the
maximum amount of residue sulfide in the column increased from 50 to 108 mg 1-1
after 5 and 15 days incubation at pH 4.0, respectively, at 665 mm along the column.
Typical changes in effluent Fe concentrations over time is presented in Figure 2.7,
which shows complete removal of Fe was achieved by day 1 due to the formation of
FeS precipitates. This was not surprising given that the influent Fe concentration
(804 ig F') was minimal compared to the amount of residual sulfide being produced
(135 mg F') by SRB activity. That is, the bioreactor was capable of producing more

sulfide than required for metal precipitation.

ME

(a)

(b)

21X)[

20)

---Day2

-•--Day

pH4.5

---k--Day 10
15O

5

pH 4.0

---k-Day 15
150

103

0 100 200 300 400 500 600 7(0 8(4) (XX)

0 1(4) 200 300 400 503 600 700 800 9(X)

Distance from base ofcolurrn (mm)

Distance frombase ofco1una (nan)

(c)

(d)

203

203
---Day 2

----Day 5

pH 4.5

---k - - Day 10
150

pH4.O

Day 15
150

0 IC') 2(4) 300 4(8) 500 600 7(4) 800 900

0

100 2(8) 300 400 50) 600 700 800 900

Distance frombase of colunn (mm)

Distance frombase ofcoluna (mm)

(%)

(e)

203

203

---Day5

pH45
k

Day 10

150

pH4.O

---A- -- Day 15
150

0 1(8) 200 300 400 5400 600 7(8) 80) (XX)
Distance frombase ofcoluirn (non)

0

1(4)

200 300 400

500

6(4) 700 800 (XX)

Distance from base of colunm (mm)

Figure 2.6 The concentration of residual sulfide in the bioreactor as a function of port
heights relative to the base of the column at flow rates of 1.19 ml min' ((a) and (b)),
2.61 ml m1n' ((c) and (d)), and 3.80 ml min 1 ((e) and (f)).
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Figure 2.7 The changes in effluent Fe concentration over 75 days of operation at an
influent flow rate of 2.61 ml min'.

2.3.5

Sulfate removal

Table 2.4 shows the percentage of sulfate removed in the bioreactor as incubation
progressed at various influent pH values for each of the flow rates tested. The data
shows that as incubation progressed at each pH value, the rate of sulfate reduction
increased. For example, at a flow rate of 2.61 ml min', 62.3% of the influent sulfate
was removed after 31 days of operation at pH 4.5 compared to 69.0% after day 35.
This pattern was observed for each pH value tested, except pH 3.5, and was
attributed to the SRB becoming adapted to the acidic conditions and is in agreement
with the conesponding sulfide concentration data. Conversely, for pH 3.5 conditions,
the percentage of sulfate removed decreased with increasing time due to the SRB
succumbing to acid shock. However, the data for sulfate removal at pH 3.5 indicates
that sulfate reduction was still occurring at this time but at a greatly reduced level
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and rate compared with incubation at pH>3.5. At a flow rate of 2.61 ml m1n', for
example, 0.8% sulfate was removed on day 75. This result is contrary to
simultaneous measurements of sulfide production (Figure 2.5(b)) and suggests that
dissolved sulfide determinations may have underestimated the amount of sulfate
reduced, possibly due to loss of volatile H2S (under acid conditions) from the
column. Moreover, sand material sampled along the length of the column on day 75
showed that a viable population of SRB could be cultured. When combined with the
sulfate removal and pH change observed on day 75, this data indicates SRB were
able to survive and metabolize at extremely low levels in pH 3.5 conditions for 20
days.

Table 2.4 The pH change and percentage of sulfate removed by the sulfate reducing
bioreactor as continuous flow progressed at various influent pH values.

Flow rate

Time (days)

(m1min)

1.19

1

5

11

15

21

25

31

6.02
6.20

6.04
7.03

5.51

59.7

72.0

6.85
49.9

5.52
7.14
62.2

5.00
6.72
46.7

5.02
6.95
65.5

Influent pH

6.09

5.51
6.81
65.6

5.51
7.04
76.2

6.73
62.4

5.01
7.16
73.5

4.57
6.43
62.3

4.50

6.34
62.5

6.04
6.94
72.8

5.04

Effluent pH
Sulfate removed (%)
Influent pH
Effluent pH
Sulfate removed (99)

6.07
6.46
66.9

5.53
6.29
59.2

5.52
654
67.9

5.08
6.74
70.0

4.51

4.52

6.17
59.2

6.28
62.5

6.56
69.4

Influent pH
Effluent pH
Sulfate removed (%)

2.61

3.80

6,06

5.02
6.37
62.5

35

41

45

55

57

65

75

4.50

4.51
6.83
61.9

4.01
5.89
42.9

4.03
6.43

4.05

6.49
42.5

6.93
75.4

3.54
4.13
2.3

3.52
4.31

3.53
3.65
0.3

4.07
6.93
80.2

3.52
4.10
2.2

3.53
4.25

4.05
6.87
71.4

3.53
3.94
2.2

6.83
69.0

4.05
6.04
62.0
4.08
5.84
59.1

60.7
4.01
6.51
69.9
4.04
6.14
65.8

7.6

6.2

3.51
3.67
0.8

3.50

3.52

3.83
2.3

3.58
0.5

2.3.6 Conductivity measurements

Conductivity measurements were only obtained for experiments conducted with a
flow rate of 2.61 ml m1n', since the suiphide production data showed that the
optimal flow rate was approximately 2.61 ml mm1. The change in the conductivity
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observed in the SRB inoculated columns was attributed to SRB activity and are
shown in Figure 2.8. The conductivity increased with time in SRB inoculated
columns (Figure 2.8), while conductivity in the control columns remained low and
relatively constant (Figure 2.9) in response to different influent pH loads. The
dramatic drop in conductivity after day 56 was due to the SRB suffering from acid
shock and is in agreement with the data obtained for sulfate removal and sulfide
production.

The pH and redox potential (Eh) data corresponding to the conductivity data
presented in Figure 2.8 are shown in Figure 2.10 and Figure 2.11, respectively. In
general, the pH and Eh increased and decreased, respectively, as incubation
progressed at each pH value. Comparison of the conductivity and the pH and Eh data
for the SRB column showed that fluctuations in conductivity at different heights
along the column were not reflected in the pH and Eh measurements. The large
changes in the conductivity, for example, were observed at the base bottom of the
column, but no substantial changes in either pH or Eh occurred. The conductivity
measurements also showed that the bacterial activity in the sand bed was highest near
the top of the bed. This was possibly due to the minimal disturbances experienced
higher in the reactor compared to the lower portion of the column, caused by the
introduction of decreasing influent pH from the base of the column. Similar
observations were reported by Lyew and Sheppard (2001), who measured
conductivities in a SRB column containing a partial sand bed and operated in a
sequencing batch mode under different loads of fresh AMD.
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Figure 2.9 The change in conductivity over time and depth within the control
column, containing no SRB. The flow rate was 2.61 ml min'.
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Figure 2.11 The change in Eh over time and depth within the SRB column. The flow
rate was 2.61 ml min'.

2.4 Conclusion

The data from this study showed that sulfate reducing bacteria in an upflow
anaerobic packed bed bioreactor were capable of sulfate reduction and producing
residue sulfide at pH values as low as pH 3.5. However, the results also show that the
lowest pH at which the column could support significant sulfate reduction was pH
4.0. At pH 3.5, sulfide production was below detection levels after day 75 of
incubation, and sulfate removal decreased to <7.6%. However, viable SRB were
recovered along the length of column after 20 days of operation at pH 3.5, indicating
that the SRB was capable of surviving pH 3.5 conditions for at least 20 days in a
sand bed. The data suggest that this SRB treatment process would be a viable method
for remediating at least mildly acidic (-pH 4.0) sulfate contaminated waters. The
changes in conductivity observed in the SRB column was found to be related to SRB
activity and was supported by the fact that no such fluctuations occurred in the
control column. The use of conductivity measurements, compared to pH and redox
potential, seems to be a more sensitive tool for monitoring the activity of SRB, and
offers the potential for providing continuous and rapid monitoring information with
respect to SRB activity.
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Chapter 3 Role of SRB in the Removal of Sulfate, Arsenic and
Heavy Metals
3.1 Introduction

Mine waters and industrial effluents may contain high sulfate and metal
concentrations and pose significant disposal problems that require urgent solution to
avoid serious environmental contamination. In mine waters, sulfate, metalloids
(arsenic) and heavy metals such as copper, nickel, zinc and iron originate from the
chemical or biological oxidation of exposed sulfide minerals. The process also
generates acidity in the form of sulfuric acid which can also dissolve other minerals,
releasing cations (Chang et al., 2000; Christensen et al., 1996). The metals and acid
constitute acid mine (rock) drainage (AMID or ARD).

The mobility, bioavailability, and toxicological effects of heavy metals are largely
dependent on its speciation. For example As(V) is less mobile and toxic than arsenite
As(ffl), while methylated species are generally less toxic than inorganic species
(Turpeinen et al., 1999). Both adsorption reactions and redox conditions essentially
control the mobility of these chemical species (Rittle et al., 1995). Heavy metals such
as Cu, Zn and Cd, and the metalloid As can be adsorbed (Davis, 1984) and/or coprecipitated (Moore et al., 1989) with the most abundant or reactive iron sulfide.
They may also be sorbed to or released from metal oxyhydroxides depending on the
redox potential and pH (Masscheleyn et al., 1991).

Established chemical treatment of contaminated waters such as AMID involves the
addition of lime to raise pH and precipitate metals as hydroxides. It is, however,
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generally expensive and produces high sludge volumes (Elliott et al., 1998). There is
increasing interest in the potential biotechnological applications of bacterial sulfate
reduction as an alternative method for sulfate and heavy metal removal from
environmental contamination particularly from mining activities (Chang et al., 2000;
Dvorak et al., 1992; Elliott et al., 1998; Kim et al., 1999; Machemer and Wildeman,
1992). Under anaerobic conditions, sulfate-reducing bacteria (SRB) oxidise simple
organic compounds by utilising sulfate as an electron acceptor and generate sulfide
(S2 ) and alkalinity. This biogenically produced sulfide can react with dissolved
metals to form metal sulfide precipitates since the solubilities of most toxic metal
sulfides are generally very low (Kim et al., 1999).

The treatment of mildly acidic contaminated waters using SRB in short-term benchscale upflow anaerobic packed bed reactor (UAPB) runs was investigated. The shortterm nature of the reactor experiments in this work implies that effects from aging of
the material, clogging of the matrix and stabilisation of reactor performance will not
be addressed, as they can only be addressed in long-term reactor experiments. The
aims of the biological process were to remove heavy metals, decrease sulfate
concentration and increase the pH of the water without forming high amounts of
dissolved residues.

3.2

Materials and Methods

3.2.1 Column bioreactor

Sulfate reduction experiments were conducted in the bioreactor column as described
in Chapter 2 Section 2.2.1. Approximately 1.0 pore volume of influent substrate was
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pumped through the reactor to stabilise and condition the sand bed before the
commencement of an experiment. The composition of the influent substrate is shown
in Table 3.1, with lactate serving as the organic carbon source for growth. The pH of
the medium was adjusted using 2 M HCI or NaOH to the required pH value.
Trisodium citrate was added at 1867-18667 mg 1- 1 to prevent metal precipitation.
The influent was pumped from the medium reservoir tank to the bottom inlet of the
reactor by means of a pre-calibrated variable speed peristaltic pump at 2.61 ml m1n 1
(approximately 1.6 pore volumes per day). High purity nitrogen (Air Liquide) was
continuously purged through the medium reservoir at a rate of approximately 1
1 min 1 to lower the 02 content of the influent solution.

The reactor was initially filled with the influent at the desired metal concentration
and inoculated with 400 ml of a mixed culture of SRB. This process preconditioned
the SRB. Continuous flow was started 14 days after inoculation with each
experiment conducted over a 14 day period. Duplicate experiments were conducted
in a non-parallel manner. Control experiments containing no SRB were operated in
the same manner as the inoculated or SRB columns. The results from the SRB
columns were compared with that obtained for the controls. The sulfide
concentration, the amount of sulfate removed and the concentration of dissolved
heavy metals were measured along the column during the operation of the reactor as
described in the analytical methods.
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Table 3.1 The composition of the influent substrate and column parameters.

Analyte

Total concentration (mg I)

Al, As, Cu, Fe, Ni, Zn
Mg
NaC31-1503 (sodium lactate)
Total P
Total N
Total S042
Na3C6H507-2H20

50, 20, 10 and 5
592-628
4690
50
25
2500
1867-18667

mOD° (g I)
ThOD/ S042
OLR'(kg d 1 m 3)
SLRC (kg d' m 3)
HRV' (hr)
Pore volume (1)
Temp (°C)

5.00
2.00
7.43
3.71
16.16
2.11-2.40
25

ThOD, theoretical oxygen demand = 96.0 x [lactate]I90.08
b01j organic loading rate
CSLR sulfate loading rate
d1IRT hydraulic retention time

3.2.2 Analytical and sampling methods

A total of 22 ml of water was sampled from each port of the column using a plastic
syringe at pre-determined times. The sample was further divided into 3 portions. The
pH and redox potentials of one portion were immediately measured in a nitrogen
box, using an Activon redox!pH combined electrode (model no. AEP531). A second
portion was centrifuged at 5000 rpm on a Beckman Benchtop centrifuge (Model TJ6), then syringe filtered through a sterile 0.45 tm nitrocellulose filter (Millipore) into
a polypropylene container (Sarstedt). The container was snap frozen in liquid
nitrogen and stored at —20 °C prior to arsenic speciation. Finally, the remaining
portion was filtered through 0.45 tm nitrocelluose filter and two sub-aliquots were
retained for sulfide and sulfate analysis, while a third sub-aliquot was acidified with
1% HNO3 prior to metal analysis.

Metal (63Cu, 64Zn, 60Ni, 27Al, 57Fe, and 25Mg) analysis was conducted using a Perkin
Elmer Elan 6000 ICPMS with a Conikal concentric nebulizer (Glass Expansion, Part
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No. AR30-1-FC3). Total arsenic was determined using modified procedures
previously described (Samanta et al., 1999; Stroh and Völlkopf, 1993). Briefly, the
method employs a pre-reduction treatment step using a 10% HCl solution containing
0.2% KI and 0.2% ascorbic acid to pre-reduce all available As(V) to As(III). This
solution contained 2 jig 1' of Bi, added as internal standard, prior to hydride
generation. Arsenite was determined by replacing the KI with sodium citrate buffer
(pH

6.54) in the pre-reduction step. Under these conditions, As(V) is not reduced.

Arsenate was calculated from the difference between total As and As(III). Arsenic
analysis was determined by flow injection vapour generation inductively coupled
plasma mass spectrometry (FI-VG-ICPMS) using a Perkin Elmer Elan 6000 ICPMS
equipped with a Perkin Elmer FIAS 400.

Dissolved sulfide was measured immediately after sampling using the methylene
blue method as described in Standard Methods for the Examination of Water and
Wastewater (Greenberg et al., 1992) on a Hitachi U-i 100 UV-Vis
spectrophotometer. Water samples fixed with 1% HNO3 were analysed for total
sulfur by inductively coupled plasma spectroscopy on a Perkin Elmer Plasma 400
ICP-AES. The ICP-AES was flushed with high-purity nitrogen for about 1.5 hrs
prior to sulfur analysis. Sulfate concentrations were calculated from the total sulfur
concentrations, assuming that the concentrations of other sulfur species in solution
were negligible. Total bacterial count was obtained by manual methods using an
improved Neubauer haemocytometer (Webber). Bacteria were viewed using an
Olympus BH-2 phase contrast microscope (x1000, Olympus Optical Co., Ltd, Japan)
equipped with an oil immersion objective lens and 100 W halogen lamp (Olympus
HAL-L).

iI

All samples not analysed on the same day were stored at 4 °C. All chemicals used
were "analaR"reagent grade and were used without further purification. Chemical
solutions were prepared with Hi-Pure water (Permutit). All plasticware and
glassware were thoroughly cleaned by soaking in 1 % Decon followed by soaking
in 10 % nitric acid for 48 hours, rinsed several times with Hi pure water and oven
dried before use.

3.3 Results and Discussion

3.3.1 Nominal influent composition and quality control

In order to identify any initial precipitation of elements, the nominal concentrations
of metals and sulfate in the influent water were compared to measured initial
dissolved concentrations (Table 3.2). It was found that Mg, Cu, Ni, Fe and sulfate
had been partly removed from the water phase by initial precipitation andlor
adsorption. In all cases, however, this was < 10%. The detection limits for the
various analytes measured are also shown in Table 3.2. The average recoveries of
As(III), As(V), Ni, Cu, Fe, Zn, Al and Mg in spiked samples indicated very good
recoveries typically in the range from 95 to 104% (Table 3.2).

3.3.2 Bioreactor performance

A 14 day experimental period was chosen as earlier studies (see Chapter 2) indicated
that pH increased, and metal and sulfate had decreased substantially by this time in
line with the aims of this work. The column was packed with sand media to increase
sulfate reduction activity by providing a solid support (surface) to which SRB could
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adhere, since SRB tend to aggregate in areas which offer some physical protection
(Meyer-Reil, 1994). SRB are then able to condition the immediate environment
through their metabolism to form microcosms that are conducive to their survival.
However, excess biomass and heavy metal precipitates can potentially be a problem
by clogging the pore space in the reactor, complete clogging can be avoided by
intermittent flushing of the column by increasing the influent upflow velocity.

Table 3.2 Typical water chemical parameters measured in the influent at the start of
experiment and compared to nominal values; the detection limits of each analyte
measured in the effluent water; and the average percentage recoveries of As(III),
As(V), Ni, Cu, Fe, Zn, Al and Mg typically found in spiked samples.

p11
Detection 11mi1
Influent composition'
Nominal
Measured

s2'

SO42 ' TotalAs

As(ffl)

As(V)

60Ni

63Cu

'1Fe

"Zn

VAI

mMg

4.5

0.08

0.13

3.71

0.22

0.14

4.25

10
9.5

11.4
10.8

12.1
11.6

10.1
10.3

10
10.1

620
614

0.31

0.45

2.31

4.28

-

-

10.7
10.6

-

-

2505
2280

-

4.52

-

-

Typical recovery (n = 2)
Amount spiked'

10

60

10

10

10

10

10

10

Amount found
Recovered (%)

10.03
99

59.86

10.37
104

9.91
99

10.11
101

9.81
98

9.99
100

9.68
97

95

Detection limit = concentration of analyte which yields three ttmes the standard deviation (3 x SD) of the blank value (pg
5Co1cu1ated

)

from total S analysis by ICP-AES

'Concentration in mg 1'

At the end of each experiment the sand media was visually examined. Black
precipitates were formed in all of the experiments that were supplied with lactate.
The precipitates appeared in between the sand particles and adhered onto the surface
of the sand particles themselves. Estimated total bacterial counts in the water phase
of the reactor were initially between 1-2 x 107 cells mF'. The predominant SRB in
the system were vibrio-shaped bacteria. Total counts ranged from 2 x 105
cells mF' throughout the experiment.

-

8 x 108

The influent was introduced into the reactor inoculated with or without SRB for a
period of 14 days at room temperature. The reactor containing no SRB served as a
control. Column tests were run at influent metal (Cu, Ni, Zn, Al and Fe) and
metalloid (As) concentrations of 5, 10, 20 and 50 mg 11. Generally, redox potentials
dropped, pH increased and some metals were removed from the water phase. The
residual concentrations of Cu, Ni and Zn for the 5, 10 and 20 mg 11 experiments
were found to be below their respective detection limits as reported in Table 3.2.
There were no substantial differences in the trends of sulfate and metal removal,
which were characterised by an initial lag period of approximately 1 day, followed
by a decrease in metal and sulfate concentrations (Figures 3.1(a-d) and Figure
3.4(a)). However, this was not the case for Mg and Al, which remained constant
throughout the experimental period (Figure 3.3(a-b)). The data presented in Figure
3.2(b) show that as the reaction proceeded, dissolved Cu concentrations for all cases
decreased significantly, and that the rates of copper removal were related to the
initially added Cu concentration. Similar patterns were also observed for Fe, Ni, Zn
and As. In view of this, results pertaining to an influent metal concentration of 10
mg

are only discussed.

81
(a)

(b)

6.0

16

5.0
E

-

14
12

4.0

I0

3.0
L)
2.0
1.0
0.0
0

2

4

6

8

10

12

2

0

14

4

6

8

10

12

14

10

12

14

Tine(d)

Tin(d)
(c)

(d)
60

25

50

20

40
U

15
30

C

C.) 10
20
10
0

0
0

2

4

6

8

Time (d)

10

12

14

0

2

4

6

8

Tin(d)

Figure 3.1 Variations in Cu (,-,), Fe (A—A), Zn (.-.), Ni (u—u) and
As (x—x) with time for (a) 5, (b) 10, (c) 20 and (d) 50 mg 1 SRB amended
experiments. All values are effluent concentrations (unless stated otherwise) and are
from the average of duplicate experiments. The experimental time was 14 days.
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Figure 3.2 Variations in effluent (a) total As, (b) Cu, (c) Fe, (d) Ni and (e) Zn
concentration for 5 mg 1 1

10mg 1' (A—A), 20mg 11 (•—+) and 50mg 1'

(A—A) SRB amended 14 day experiments. All values are the average of duplicate

experiments.
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Figure 3.3 Variations in effluent (a) Mg and (b) Al concentration for 5 mg F' (—O),
10mg F' (A—A), 20mg F' (,-,) and 50mg 11 (A—A) SRB amended 14 day
experiments. All values are the average of duplicate experiments.

3.3.3 Redox potential and pH

A drop in the pH was observed at the beginning of the operation, and steadily
increased in all SRB column experiments (Figure 3.5(a)). The drop in pH values was
probably caused by the introduction of the influent at a lower pH. A simultaneous
increase in redox potential (Eh) was observed, due to the introduction of the influent
at a higher Eh value (Figure 3.5(b)). The pH and Eh of the effluent from the control
remained constant, conversely the effluent pH and Eh from the SRB column reached
approximately 7.2 and —218 mV in 4 days, respectively. The gradual increases in pH
and decrease in Eh seen after day 1 was indicative of an adaptation period by SRB to
new conditions. Similar increases in pH were observed when acidic leachate from
pyritic mining wastes were treated in anaerobic reactors filled with spent mushroom
compost (Dvorak et al., 1992) and in packed-bed reactors filled with mine gob
materials (Kim et al., 1999).
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Figure 3.4 Variations in (a) sulfide (A—A) and sulfate (.—.) concentrations with
time in SRB amended 10 mg 1-1 experiments compared to sulfide (A—A) and sulfate
(n—n) controls; and (b) the extent of sulfate reduced between 0.5 and 7 days in SRB
amended systems at four different influent metal concentrations. All values are
effluent concentrations (unless stated otherwise) and are from the average of
duplicate experiments. The experimental time was 14 days.

3.3.4 Sulfate reduction

Sulfate concentrations in the effluent from treatment systems inoculated with SRB
decreased rapidly while there was no decrease in the control reactor (Figure 3.4(a)),
demonstrating that the SRB inoculated column promoted strong sulfate-reducing
activity. The effluent from the SRB column showed greater than 6 fold decrease in
sulfate, reaching a minimum of 357 mg 1-1 sulfate by day 7. The sulfide concentration
in the effluent ranged between 15 and 134 mg F' throughout the 14 day period.
Similar values were reported by Christensen et al. (1996) using an anaerobic packedbed reactor to treat acid mine water. Trends in sulfide concentrations, however, were
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observed through this period. Increasing SRB activity caused higher sulfate reduction
rate, resulting in gradually increasing sulfide concentration. A large drop in sulfide
concentration after day 2 was probably due to metals precipitating as insoluble metal
sulfides and adsorption of sulfide onto the walls of the reactor. Day 2 to day 4
showed a less dramatic decrease in sulfide concentration, but remained constant
thereafter.
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Figure 3.5 Variations in (a) pHJSRB
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(•—•), pHlcontrol (0-0) and influent (.—.);

(.—.), Ehlcontrol (a_c) with time for 10 mg 1-1 experiments.

The extent of sulfate removal measured between 0.5 and 7 days, decreased with
increasing initial concentrations of metals (Figure 3.4(b)), indicating that sulfate
reduction at higher metal concentrations was still occurring but at a lower rate
compared with influent at lower metal concentrations. This was attributed to two
factors. One possible factor was that the rate of sulfate removal was lowered in cases
of higher metal concentrations due to the reduction in SRB metabolic activity as a
result of metal toxicity on the SRB. It has been previously reported that the

consumption of sulfate by D. desulfuricans is significantly slower in the presence of
Cu(II) (Sani et al., 2001). Song et al. (1998) reported a sulfate removal IC50 for
Cu(H) (concentration causing 50% inhibition of SRB sulfate removal efficiency) of
156 mg 11. Contrastingly, Sani et al. (2001), who used a single SRB strain and a
specific metal toxicity medium containing constituents that did not result in any
abiotic precipitation of metal ions, reported an IC50 for Cu(II) of 1.02 mg y1 These
studies suggest that metal toxicity and inhibition in SRB systems are strongly
influenced by the chemical and physicochemical properties of the surrounding SRB
environment. At an initial metal concentration of 10 mg 1-1, the highest average
sulfate reduction rate was about 475 mg 11 d' and compares well with methods
previously used to treat AMID (Dvorak et al., 1992; Kim et al., 1999). The constantly
changing flow paths through areas of high and low sulfate reduction activity in the
column likely caused the non-uniform distribution of sulfate throughout the column.
Therefore, the second factor contributing to the observed effect could be that the high
levels of metal sulfide precipitation caused partial blockage of the sand-bed, leading
to mass transfer limitations which are more severe in the cases of higher metal
concentrations.
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Table 3.3 Typical water chemical parameters as measured in the effluent of the
control compared to effluent concentrations in the water phase of SRB columns at
the end of the experiment (day 14).

Concentration (mg I')
Sample'

pH

Eh (my)

SO4 b

S

750

S,..

S.,,,.t

-

<d.L'

-

748

-

ed. La

-

-

a
<d. l.

5.2

5.1

5.1

5.1

633

5.1

5.1

5.0

1.1

0.01

0.86

634

0.02

0.01

S

Al

S

As

Cu

10.3

10.7

11.0

10.3

10.6

10.9

Fe

Mg

Ni

Zn

11.0

613

10.0

10.6

10.9

612

9.6

10.4

Control
Inf

4.34

+223.7

2248

Eff

4.36

+220.2

2240

lnf

4.56

+221.2

2315

Eff

7.31

-202.1

389

ml

4.52

+225.3

2280

Eff

7.29

-203.6

372

SRB

Inf

4.57

+224.4

2294

Eff

7.28

-205.1

397

ml

4.58

+222.9

2290

Eff

7.35

-202.2

356

772
130
761

13
-

124

26

132

51

766

-

764

-

124

125

46

630

<d.1.a
47

10.1

10.6

611

9.9

2.4

20.0

20.1

582

20.1

43

50.1

50.6

50.2

11.3

<d. La
47
a
<d. l.
47

516

10.8
0.02

11.6

614

9.5

2.0

613

0.02

10.3
0.02

20.1

615

3.6

617

50.3

50.8

595

49.9

50.4

1.1

9.1

595

1.2

1.1

20.1
0.04

20.1
0.02

20.1
0.02

Values are from the average of duplicate experintents pertaining toreactom containing an initial nusal influest concentration of 5,10,20 or 50mg r'. All
concentrations are in mg I' unless stated otherwise.
lis1 = influent, Eff= effluent.
5

j from tolal S analysis by ICP -AES.

'5,, = tcial sulfur (as elersental S) intrcduced into system, S,.

= total

sulfur measured in effluent. S,e = sulfur used in precipitating metals from solution,

Sa,, = dissolved sulfide: S + 115 + H2S, S= sulfur Itt via snipping and diffusion through reactor wall (i.e. S= 5,,- S,..,- S,.
dd

I. =detecxion limit (3 xSD(blanlc)=031 mgr').

3.3.5 Sulfur mass-balance

The amount of sulfate in water samples from the 10 mg 1-1 experiment is shown in
Table 3.3. All calculations and comparisons of sulfate were done on an elemental
sulfur (S) basis. This data highlights several observations. First, that a nominal 761
mg 1-1 sulfur was introduced into the system (Sf11), but only 124 mg F' was detected in
the column effluent (S0 ) after the completion of the experiment at day 14. Secondly,
the difference is partly due to the formation of heavy metal sulfide precipitates,

M.
which accounted for only 3.5% of the total sulfur budget. Thirdly, dissolved sulfide
measurements (Sthss = S2 + HS + H2S) may have substantially underestimated the
amount of sulfate reduced. For example, although sulfide analysis was conducted
immediately after sampling, the highly volatile nature of sulfide itself means that
some sulfide was possibly lost as a result of air oxidation in transferring samples
from the column to the nitrogen box, resulting in lower sulfide values than was
actually present. It is also plausible that some loss occurred via the formation of
colloidal sulfides which were filtered off during the measurements. The observation
that the insides of the PVC used to construct the reactor had turned dark grey implied
that some of the volatile H2S was lost (or stripped) from the column or that diffusion
of H2S into the wall had occurred, consequently contributing to the further loss of
dissolved sulfide in the effluent (S10 ). Mass—balance calculations in Table 3.3
suggest that this phenomenon represented 80% of the total sulfur budget.

3.3.6 Heavy metal removal

The aqueous phase of the effluent was analysed for metal ion concentrations and is
also presented in Table 3.3. The results pertaining to a system inoculated with SRB
and containing an initial influent metal concentration of 10 mg 11 are shown in
Figure 3.6(a). The concentrations of Zn, Cu and Ni were dramatically lowered to less
than 0.05 mg 1-1 after 4, 6 and 7 days, respectively. This represents > 99.5% removal
of the initial concentrations of Cu, Zn and Ni in the influent. The removal of Fe was
incomplete (Figure 3.6(b)) and only 82.3% of the initial Fe was removed
corresponding to the lowest level of Fe detected at 1.95 mg 1-1 at day 14. These
results are comparable to those reported by Dvorak et al. (1992), who obtained
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greater than 95% removal of Cu, Ni, and Zn using anaerobic reactors to treat metal
contaminated water in an underground coal mine.
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The metal removal was attributed to the precipitation of insoluble metal sulfides as a
result of the sulfides produced by the biological activities of SRB. Among the heavy
metals it was noted that copper was the first metal to be removed, then zinc followed
closely by nickel, and lastly iron (Figures. 3.7(a) and (b)). This removal pattern is
reflected in the trend in solubility products of the respective metal sulfides; with log
K of CuS, ZnS and NiS equivalent to —40.94, —28.39 and —27.98 (Di Toro et al.,
1990), which are much lower than FeS at —22.39. CuS is particularly insoluble over a
broad range of pH (Christensen et al., 1996) and sulfide precipitation of copper is
thus a rapid and efficient process. Machemer and Wildeman (1992) investigated
metal removal processes in an experimental constructed wetland receiving acid mine

1-

drainage, and found that the removal of Cu, Zn and Fe closely followed the trend in
K values. Figure 3.6(a) and Figure 3.6(b) also illustrate that metal ions were
removed faster in the reactor inoculated with SRB than in the control (Figure 3.7(a)).
The very small decrease in metal concentrations in the effluent of the control
indicated that adsorption processes are likely to be responsible for the slight loss in
metal concentration over time. When compared to systems containing SRB these
results indicate that pre-conditioned SRB growing on lactate can neutralise relatively
low pH influent and decrease Cu, Zn, Ni and Fe concentrations simultaneously.

Conversely, magnesium and aluminium remained relatively constant throughout the
study (Figure 3.6(b)). This is presumably due to the fact that MgS has a very high
solubility product and Al does not form stable sulfides in the presence of water. The
results for Mg and Al agree with studies conducted by Maree and Strydom (1987),
but contradict the results of Christensen et al. (1996), who reported that aluminium in
contaminated mine water was reduced from 17.7 mg F1 to < 5 tg 11 in a batch
treatment system using mixed SRB culture grown on lactose. However, it must be
noted that the treatment system also received 5.7% whey as an additional source of
carbon and was studied over a longer duration (> 150 days). Dvorak et al. (1992)
found that Al was removed to less than 0.2 mg 1-1 in a pilot-scale anaerobic reactor
packed with mushroom compost and limestone. He suggested that the removal of Al
resulted from its hydrolysis to insoluble Al(OH)3, since the effluent was found to be
saturated with Al(OH)3. Stability studies on the influent substrate used in this study
indicated that no significant amounts of Mg and Al hydrolysed until around pH 10.5.
In view of this, and given that the highest pH value attained in this study was
approximately 7.4, it seems reasonable to conclude that any minor loss of either
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metal during the experiment was likely due to adsorption processes either onto metal
sulfide precipitates andlor the reactor walls.
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experiments (note the log scale for As(Ill) and As(V)). All values are from the
average of duplicate experiments. Experimental time was 14 days.

3.3.7 Arsenic removal

The removal rate of As in the SRB column (Figure 3.7(b)) was relatively rapid when
compared to the control columns (Figure 3.8(a)), which showed no appreciable As
removal. Figure 3.7(b) illustrates that at the end of the sampling period (day 14), total
As in the aqueous phase of the effluent had decreased to 2.4 mg 1' from an initial
concentration of 10.6 mg 11, a> 77.5% removal. This compares well to Simonton et

I-
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al. (2000), who reported consistent removal for As and Cr (> 60

-

80%) from

solution using SRB (Desulfovibrio desulfuricans) in columns containing silica sand.
Uhrie et al. (1996) found that after 6 days of incubation, 96% of the initial 10 mg 1'
As was removed from solution in serum bottles containing sulfidogenically active
SRB biomass. The results for arsenic was characterised by an initial low total As
concentration followed by a rapid increase in total As concentration between 1

-

12

hours, with As(III) >> As(V). Since the SRB column was initially subjected to an
incubation period, the observed rapid increase in As levels was probably a result of
the proton dissolution of arsenic precipitates or release of adsorbed arsenic already
present, as influent at a lower pH was introduced into the column.

Total dissolved As then decreased between 12

-

48 hours as a result of dropping

As(llI) concentration. As(V) increased during this period; with As(V) consistently
higher than As(III). After this period, the concentration of total As, As(III) and
As(V) remained constant. When anoxic conditions were stabilised (- day 3) arsenic
concentrations fell in the presence of sulfide. Dissolved total arsenic concentrations
were then observed to increase then decrease with corresponding sulfide levels
(Figure 3.8(b)). This is consistent with either the precipitation of arsenic sulfides
such as As2S3 or concomitant removal of arsenic with Cu-, Zn-, Ni- and Fe-sulfides,
followed by re-dissolution or desorption of the As to form soluble thioarsenite
(As(HI)) complexes. This behaviour was also reported by Castro et al. (1999) using
SRB fed with organic wastes to treat contaminated water in an open-pit mine.
Webster (1990) found that in highly sulfidic microcosms, As(llI) solubility was
increased by sulfide through the formation of thioarsenite complexes.
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The removal pattern for total arsenic, however, appeared to coincide with decreasing
Cu, Zn, Ni and Fe, and did not follow the trend in solubility products of the
respective metal sulfides, if it is assumed that amorphous As2S3 was formed.
Although the solubility equilibrium reaction for As2S3 is different to that for CuS,
ZnS, NiS and FeS, the formation of As2S3 was expected to follow after FeS since the
log K for amorphous As2S3 is —11.9 (Eary, 1992), which is significantly higher than
that for FeS (log K

=

—27.39). It was also noted that total arsenic in the effluent took

only 3 days to decrease to a level of 2.81 mg 11, while levels of Cu, Zn, Ni and Fe
dropped to comparable levels in 2, 3.5, 4.5 and 7 days respectively. In view of this,
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the initial removal of arsenic is perhaps best explained by the adsorption or
concomitant co-precipitation with Zn-, Cu-, Fe- and Ni-sulfides. Arsenic and other
metals are known to co-precipitate with iron sulfides (Moore et al., 1989) or be
adsorbed by metal sulfides (Davis, 1984). The formation of insoluble arsenic sulfides
may have occurred later when reducing conditions (Eh <-180 mV) were more
established due to the increase in sulfate reduction by SRB activity. Rittle et al.
(1995) found that some of the arsenic was precipitated as an Fe-As-S solid phase by
active sulfidogenic microcosms containing As. This contradicts studies by Dowdie et
al. (1996) who reported that As(III) itself was not immobilised as As-sulfides in
anoxic salt marsh sediments. However, their studies involved significantly higher As
concentration of —750 mg as apposed to 100 mg 1' employed by Rittle et al.
(1995) and 50 mg 1' used in this study. In view of this, it appears that the
concentration of As species is a critical factor, and that the rate of arsenic reduction
is variable in differing environments. Although the exact processes responsible for
arsenic removal are not clear, it is evident that when compared to controls containing
no SRB the action of bacterial sulfate reduction in this particular system greatly
enhanced the removal rate. It is also recognised that this work has highlighted
variables that affect the rates of sulfate reduction, sulfide precipitation and the
eventual formation of mineral phases in this system.

3.4 Conclusion

This investigation demonstrated microbial sulfate reduction and subsequent
precipitation of Cu, Zn, Ni, Fe and As by a mixed population of SRB in an upflow
anaerobic packed bed reactor containing silica sand. After an initial lag phase or
adaptation period, sulfate reduction began and pH increased, redox potentials

Wi
dropped and dissolved concentrations of Cu, Zn, As, Ni and Fe were significantly
reduced in SRB inoculated systems supplied with lactate. These results were
consistent with those found by other investigators. In continuous-flow column
experiments containing SRB, effluent pH above pH 7.2 and greater than 80% sulfate
removal efficiencies were attained due to the activity of SRB. Conversely, pH levels
remained low (pH

-

4.5) with no sulfate reduction detected in systems containing no

SRB. Metal removal efficiencies of more than 97.5% for Cu, Zn and Ni, and >82%
for Fe were achieved in the column experiments. The treatment process also removed
>77.5% of the initial concentration of As, but was ineffective in removing Mg and
Al. The results presented here have relevance to SRB found in natural systems and
also to efforts to use similar systems to remediate water quality in mildly acidic
metal and sulfate contaminated water.

3.5
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Chapter 4 Adsorption Studies of Bacterially Produced Solid Phase
Material
4.1 Introduction

There is an increasing economic, public health and environmental concern due to
environmental contamination by toxic metals (White et al., 1995). A common type of
pollution in mining areas is acid mine drainage (AMID), which originates from the
oxidation of sulfide minerals leading to generation of free acidity and soluble metal
species (Leblanc et al., 1996). It is characterized by low pH and high levels of iron
and other heavy metals which are considered toxic to most living organisms. The
definitions of Theavy metals' are relatively arbitrary (Mann, 1990); here, the term is
taken to include Zn, Cu, Ni, Cd, Pb, and Fe, and the metalloid As.

The potential ecological or public health hazard posed by toxic metals in soils and
sediments depends largely upon the form in which metals occur. Considerable
quantities of metal, for example, may be contained in mineral components, which are
unavailable to organisms but soluble metal species have greater mobility and
bioavailability. Adsorption is not only one of the most important geochemical
processes mediating the aqueous concentrations of metals (Bassett and Meichior,
1990), but also strongly influences the transport of metals in sub-surface systems,
and forms the basis for many remediation techniques.

Biological processes can either solubilize or immobilize metals, thereby increasing
their bioavailability and potential toxicity, or reduce their bioavailability,
respectively (Bassett and Meichior, 1990). A substantial amount of work on
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biological remediation of aqueous metal contaminants in the past two decades has
focused on the immobilization of metals through microbially mediated reduction and
precipitation (Chang et al., 2000; Kim et al., 1999). For example, microbial sulfate
reduction decreases toxic metal concentrations by promoting dissolved metals to
precipitate as metal-sulfide phases, incorporate into sulfide crystal structures or
adsorb to mineral surfaces (O'Day et al., 1998). lion sulfide minerals are major
components of soil/sedimentary environments, and metal retention, mobility, and
bioavailability are largely governed by reactions at the surfaces of iron sulfides
(Huerta-Diaz and Morse, 1992).

To my knowledge, there has been very little quantitative data on the adsorption of
metal ions onto biogenic metal sulfides, despite evidence of its occurrence from
numerous different technological and scientific areas, such as the ore smelting
industry, the minerals industry and the study of marine sediments (Watson et al.,
1995). In particular, the majority of current metal adsorption studies focus on nonbiogenic phases despite the growing evidence that in many geological environments,
where mineral surface areas are exposed to fluids, a significant proportion of that
area is associated with biogenic minerals (Fowle et al., 2000). Several studies have
demonstrated that biogenic Mn and Fe oxyhydroxides preferentially sequester metal
ions over bacterial cell walls (Ferris et al., 1999; Nelson et al., 1999). One noticeable
study by Watson et al. (1995) investigated the adsorbent properties of an iron sulfide
material produced by sulfate reducing microorganisms. They found the microbially
produced adsorbent had a very high specific uptake for a wide range of metal ions
from solution when compared with other adsorbents, such as activated carbons.
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Biogenic metal sulfide is of great interest in the area of bioremediation because it
possesses adsorption properties that could potentially surpass those produced by
chemical means. Adsorption of metal contaminants onto biogenic sulfide mineral
surfaces maybe an important long-term process operating in anoxic environments but
under oxic conditions adsorbed metals can be easily remobilized. It would, therefore,
be desirable to know the extent to which adsorption of metals onto biogenic sulfide
mineral surfaces occur and how it might change under various conditions. The
kinetic nature, adsorption and desorption behaviours of several heavy metal ions on
bacterially produced metal sulfide (BPMS) adsorbents produced by sulfate reducing
bacteria are presented here.

4.2 Materials and methods

4.2.1 Reagents and glassware

All chemicals used were "analaR" reagent grade or better. Aqueous metal solutions
were prepared by either diluting 1000 mg 11 metal nitrate or chloride standard
solutions (BDH Laboratory), or dissolving appropriate quantities of reagent grade
metal salts. Disodium arsenate(V) heptahydrate was used for preparing As(V)
solutions. Chemical solutions were prepared with Hi-Pure water (Permutit,
Australia). All glassware and plasticware were thoroughly cleaned by soaking in 1%
DeconTM followed by soaking in 10 % HNO3 for 48 hours, rinsed several times with

Hi-Pure water and oven dried before use.
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4.2.2 Bacterially produced metal sulfide adsorbent

The adsorbent was produced using sulfate reducing bacteria (SRB) in a bioreactor
column that was previously used to study the removal of heavy metals from mildly
acidic (pH 4.0) contaminated waters (see Chapter 3). The column was initially filled
with pH —4.5 influent, previously described in detail, but essentially contained iron,
copper, zinc, nickel, arsenic, magnesium and aluminium at 50 mg 1, prepared by
dissolving appropriate amounts of FeS04 7H20, Cu(NO3)2 3H20, ZnS04 7H20,
Ni(NO3)2 6H20, Na2HAs04 7H20, MgS04 7H20 and Al2(SO4)3 1 8H20, respectively,
with lactate (4690 mg 11 ) serving as the organic carbon source for SRB growth.

The reactor was then inoculated with 400 ml of a mixed sub-culture of SRB,
originally isolated from water samples collected from a wetland filter at the
Woodcutters mine site in the Northern Territory, Australia. Postgate's medium B was
employed to isolate and grow sulfate reducing bacteria. It is a general purpose
medium for detecting and culturing Desulfovibrio and Desulfotomaculum (Postgate,
1984). Continuous flow was started 14 days after inoculation. The column was
operated for approximately another 14 days, after which the contents, consisting of
sand, microbial culture, and associated precipitates were removed for adsorption
studies. The column was able to generate substantial quantities of bacterially
produced metal sulfide (BPMS) sludge material.

The sulfide sludge was washed several times in a nitrogen box with deoxygenated
Hi-Pure water to remove SRB cells, and solutes derived from the liquid medium and
dried under a stream of high purity grade N2 (Air Liquide) before being used in
experiments. The sludge material was then stored under nitrogen in a desiccator in
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the laboratory when not required. All practical steps were employed to minimize
contact of this reduced fraction with 02 in the atmosphere while in storage. The
BPMS was not subjected to any other preparations and is designated as
unconditioned BPMS. Total suspended solids (TSS) and volatile suspended solids
(VSS) were measured according to the methods described in Standard Methods for
the Examination of Water and Wastewater (Greenberg et al., 1992).

4.2.3 Digestion of BPMS samples

A HNO3-HC104 acid digestion was used for the detennination of the average BPMS
metal content. Three replicate samples and 2 acid blanks were analyzed. One
milliliter of concentrated HNO3 was added to approximately 5g of BPMS in a
digestion tube. After effervescence of brown NO2 subsided, 4 ml of concentrated
HC104 was added, and digested under reflux at 160 °C, 220 °C and 250 °C for 30,
220 and 180 mm, respectively, to reduce the final volume to 2 ml. Upon cooling, the
contents were made up to 20 ml with Hi-Pure water, mixed using a Vortex mixer
(Ratek Instruments, Australia) and allowed to settle overnight at 4 °C. The
supernatant was then carefully decanted into a 10 ml polypropylene tube (Sarstedt)
and stored at 4°C until analysis.

4.2.4 Adsorption procedures

The medium chosen for this study arose from the desire to use conditions related to
those of typical waters that may come into contact with the sulfide sludge in the
environment, while avoiding unnecessary complications in the data analysis which
would tend to obscure the comparisons between data sets. Therefore a non-
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complexing medium (sodium nitrate), a pH as close to neutral as possible while
avoiding metal ion hydrolysis (pH <7.5) and an ionic strength typical of fresh waters
(0.001 M) were chosen. All experiments were conducted in duplicate. Blank
experiments containing metal ions in solution but no adsorbent material were used to
measure the amount of metals adsorbed by the walls of the reaction flasks. One set of
control experiments contained metal ions and the acid washed sand to ascertain the
adsorption properties of the sand itself.

Batch adsorption experiments were conducted in 250 ml Erlenmeyer flasks with
ground-glass stoppers, sealed with vacuum grease, at laboratory temperature (22 ±
1°C). Suspensions of the reduced adsorbent were prepared by adding metal solution
of known initial concentration made up with 0.001 M NaNO3, and briefly purged
with high purity nitrogen at the start of each experiment. This maintained
suspensions in an anaerobic state and excluded contact of atmospheric CO2 with the
suspensions to minimize the likelihood of any initial carbonate mineral dissolution.
Once the experiment began, however, no steps were taken to continually purge the
suspension with nitrogen because the objectives were to investigate the adsorption
and desorption processes in typical weathering environments.

The pH of the metal solutions and slurries were adjusted to the desired pH with
microliter quantities of 0.1M HNO3 or NaOH. The flasks containing this dilute
suspension were then agitated continuously on a mechanical wrist shaker (Stuart
Scientific, Flask Shaker SF1) at 800 oscillations per minute, allowing enough time
for developing the adsorption equilibrium. The purposes of agitating the suspension
were to maintain homogeneity and good mass transfer between the solid and liquid
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phases. The adsorption equilibrium time was determined by following the kinetics
(time course of the metal uptake) of the adsorption process. A 2 ml aliquot of the
suspension was removed at pre-determined times from each flask and syringe filtered
through a sterile 0.45 tm nitrocellulose filter (MilliporeTM), the first 1 ml discarded,
and the remaining filtrate passed into a polypropylene container (Sarstedt). It was
acidified with 1% HNO3 to preserve metal speciation and stored at 4 °C prior to
metal analysis. The pH of the remaining bulk suspension was measured at each
sampling time using an Activon pHIORP combined electrode (model no. AEP531)
with a Cyberscan pH 200 meter (Eutech Cybernetics, Singapore).

4.2.5 Dependence on pH and initial metal concentration

The effect of the initial metal ion concentration on the adsorption behaviour of
metals by BPMS was evaluated. Suspensions were prepared at eight different initial
metal solutions ranging from 0.10-200 tmol 1-1 at pH 6.0 with a fixed adsorbent dose
of 10 g 11. The effect of pH on heavy metal and arsenic adsorption at a fixed
adsorbent dose of 10 g 11 and initial metal concentrations ranging from 0.50-50 j.imol
1-1

was also investigated. The initial pH of the suspension was adjusted to about 3.0

(with 0.1 M HNO3). A sample of the suspension was collected, base (0.1 M NaOH)
was then added to increase the pH slightly, and the pH was measured after 12 hr
equilibration at each pH. This reaction time was chosen because adsorption kinetic
tests showed that equilibrium was reached within 8-24 hr. The suspension was
sampled and filtered using the same methods described previously at each
equilibrated pH. This procedure was repeated until the pH reached -'7.5.
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4.2.6 Dependence on adsorbent dosage

The effect of the adsorbent dose on the adsorption of heavy metals by BPMS was
determined through a series of batch experiments that received different amounts of
adsorbent ranging from 0.5-15 g 1' at pH 6.0 with an initial metal concentration of
50 jxmol 11.

4.2.7 Desorption procedures

A set of desorption experiments was conducted on a suspension initially containing
10 g 1' adsorbent and 50 tmol L' metals. This experiment was performed using
similar methods as described for the pH experiments. After the adsorption maximum
pH was reached, the suspension was titrated to near pH 3.0 with 0.1 M HNO3. The
solution was allowed to equilibrate at each pH value for at least 8 hrs because kinetic
desorption tests showed no substantial difference in metal concentrations in samples
taken at the start and at the end of this period. The suspension was sampled and
filtered at each equilibrated pH value.

4.2.8 Analytical methods

The collected filtrate from the adsorption and desorption experiments were analyzed
for final or residual (equilibrium) metal concentrations. All dissolved metal values
were volume corrected. Metal analysis was conducted using a Perkin Elmer Elan
6000 ICPMS with a Conikal concentric nebuliser (Glass Expansion, Part No. AR301-FC3). The measured isotopes were 60Ni, 63Cu, MZn, 57Fe, 114Cd and 208Pb. Total
arsenic was determined using modified procedures described by Stroh and Vollkopf
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(1993), Howard and Comber (1992) and Samanta et al. (1999) (see Chapter 3 Section
3.2.2). The pre-reduction step was necessary because the arsenic was assumed to be
mainly present as As(V) since no attempt was made to exclude oxygen from the
reaction flasks once the experiment had commenced, and the sensitivity of the
hydride forming process is greatest for As(Ill). Arsenic analysis was determined by
flow injection vapour generation inductively coupled plasma mass spectrometry (FlVG-ICPMS) using a Perkin Elmer Elan 6000 ICPMS equipped with a Perkin Elmer
FIAS 400. Duplicate blanks and matrix spikes were performed for each analytical
batch to ascertain the accuracy and precision of the analytical methods.

4.3

Results and Discussion

4.3.1 BPMS characteristics

The characteristics of the BPMS used in this study are shown in Table 4.1, which
shows that the BPMS adsorbent had pH between 6.98 to 7.12, and contained 49935037 mg Ii total suspended solids and 288-422 mg 1' volatile suspended solids. The
TSS concentration was used to represent biomass and chemical precipitation
products and VSS the biomass. The TSS and VSS values obtained suggests that the
major fraction of the solid phase BPMS was due to the presence of metal sulfides,
since the biomass on average only accounted for 7.1% of the total suspended solids.
Based on this, it was assumed that the adsorption processes in this study was mainly
attributed to the adsorption of heavy metals by BPMS surfaces. The initial average
metal content of the BPMS are also shown in Table 4.1. The values indicate
substantial amounts of Ni, Cu, Zn and Fe, but only minor amounts of Al and Mg (see
Chapter 3 Section 3.3.2). Percent Pb, Cu, Cd, Zn, Ni, Fe, Mg, Al and As recovered in
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matrix spikes performed on analytical batches were typically 97-104%, indicating no
matrix interferences in the detection of heavy metals and that 100% recovery can be
expected (Table 4.2). Heavy metals in all sample and calibration blanks were below
the detection limit.

Table 4.1 Characteristics of the BPMS used for this study.

Replicate

pH

TSS (mg

r')

VSS (mg I) Total sulfur (mg l')'

Metal concentration (mg

r')

Cu

Fe

Zn

Ni

As

Al

Mg

2
3

6.98
7.08
7.12

5037
4993
5012

353
422
288

3613
3623
3544

47.5
48.4
46.6

41.2
43.0
40.4

48.2
47.4
46.5

48.4
45.1
46.9

38.0
4.0.1
38.7

0.049
0.037
0.071

0.038
0.030
0.049

avg

7.06

5014

354

3593

47.5

41.5

47.3

44.8

39.0

0.052

0.039

The detection limits (3 x standard deviation of the blank value) for the various heavy metals are as follows (sg Il): Cu 0.022;
Fe 1.90; Zn 0.062; Ni 0.085; As 1.76; Al 0.12 and Mg 3.36.

bStoiCinomenCy calculated using the metal data and

assuming all sulfur was used in CuS, FeS, ZnS. NiS and As2S3 formation

Table 4.2 Typical average (n=2) percentage of Pb, Cu, Cd, Zn, Ni, Fe, Mg, Al and
As recovered in matrix spikes performed on analytical batches, and the detection
limits of each element. The results shown are from 50 j.tM experiment at 8 hr.

Metal concentration (jig r1)

Pb

-

CU

Cd

Zn

Ni

Fe

As

Al

Mg

Spike added
Metal found
Metal recovered (%)

1000

1000

1000

1000

1000

1000

1000

1000

1000

1005

1036

973.4

986.7

973.6

976.7

986.2

999.4

998.1

101

104

97.3

98.7

97.4

97.7

98.6

99.9

99.8

Detection limit

0.051

0.022

0.065

0.062

0.085

1.90

1.76

0.12

3.36

aDetection limits = 3 x standard deviation of 4 replicate blanks
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4.3.2 Kinetics

The effect of contact time on metal and arsenic adsorption was determined by taking
subsamples at various time intervals and measuring the concentration change over a
120 hr period. The results of the controls indicated that adsorption due to the sand
itself was less than <5% (Table 4.3). Since the combined surface area of finer
grained metal sulfide precipitates are likely to be much greater than the surface area
of the sand itself, this value was considered negligible. The heavy metal adsorption
that could be attributed to the walls of the reaction flasks was found to be negligible
from blank runs (Table 4.3). Figure 4.1 shows typical solution pH values measured
in the bulk solution of metal-BPMS adsorption systems with a fixed adsorbent dose
of 10 g 11 and initial metal ion concentration of 50 j.tmol 11. The adsorption of heavy
metals onto BPMS resulted in a decrease in solution pH, indicating adsorption of
metal ions was accompanied by a release of protons from surface adsorption sites.

Table 4113 The percentage of heavy metals (Pb, Cu, Cd, Zn, Ni, Fe, and As) adsorbed
by the sand itself and the reaction flasks after a 120 hr reaction period. All results are
from duplicate experiments.

Metal
Pb

Cu

Cd

Zn

Ni

Fe

As

Initial metal (i.tg F')

500

500

500

500

500

500

500

Blank (metals + no adsorbent; p.g 11)
Amount adsorbed (%)

0.09
0.02

0.17
0.03

0.10
0.02

0.22
0.04

0.09
0.02

1.08
0.22

0.22
0.04

Control (metals + acid washed sand; jig F')
Amount adsorbed (%)

2.13
0.43

2.28
0.46

1.86
0.37

1.27
0.25

2.27
0.45

20.7
4.15

0.73
0.15
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The results of the adsorption kinetics at pH 6.0 on bacterially produced metal sulfide
for a fixed adsorbent dose of 10 g 11 and with an initial metal ion concentration of 50
j.tmol 1-1 is shown in Figure 4.2. It shows the amount of metals and arsenic adsorbed
per g of adsorbent (q, tmol g') as a function of contact time (hr). The kinetic
experiments showed heavy metal adsorption at pH 6.0 to occur in two stages

-

a

characteristic linear, rapid initial uptake of metal that was complete within 24 hr,
attributed to the instantaneous utilization of the most readily available adsorption
sites on the adsorbent surface, followed by negligible adsorption of metal over the
next 96 hr as indicated by the almost flat plateau section. It is assumed that
solidlliquid partitioning after 24 hr time period reflects a pseudo-equilibrium value
representative of the surface chemistry of the BPMS adsorbent. The amount of heavy
metals adsorbed increased with time (Figure 4.2) and at equilibrium (24 hr) the
residual heavy metal concentrations were correspondingly low. For example, the
residual Pb, Cu, Cd, and Zn concentrations were <3.4 tmol F (Table 4.4). At an
initial metal concentration of approximately 50 tmol V' (Table 4.4), the highest
removal percentage was obtained for Cu(II) (97.62%) followed by in decreasing
order Pb(H) (97.02%), Cd(ll) (95.97%), Zn (II) (93.53%), Ni(II) (89.95%), Fe(II)
(87.38%) and As(V) (84.36%). Similar removal percentage values for nickel, copper,
cadmium and zinc were obtained by Artola et al. (1999) working with anaerobically
digested sewage sludge.
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Figure 4.1 Typical pH values measured in metal-BPMS adsorption experiments
(Initial metal concentration = 50 tiM; pH = 6.0; ionic strength = 0.001M NaNO3;
adsorbent dose = 10 g 11; Temp = 22 °C).
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Figure 4.2 Effect of reaction time on the adsorption of Pb(II), Cu(II), Cd(II), Zn(II),
Ni(H), Fe(II) and As(V) by bacterially produced metal sulfides at room temperature
(Initial metal concentration = 50 tM; pH = 6.0; ionic strength = 0.001M NaNO3;
adsorbent dose = 10 g 11; Temp = 22 °C).
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Table 4.4 Residual concentrations of Pb(II), Cu(II), Cd(II), Zn(II), Ni(ll), Fe(ll) and
As(V) in solution after 24 hr and total percentage of metals removed after the
experimental period (120 hr) (Initial metal concentration = 50 j.tM; pH = 6.0; ionic
strength = 0.001M NaNO3; adsorbent dose = 10 g j1; Temp = 22 C)
°.

Metal

Residual concentration in

Metals removed after 24 hr

Metals removed after 120 hr

solution (jtmol F) after 24 hr

(%)

(%)

1.86
1.25
2.30
3.36
5.03
6.40
7.84

96.16
97.47
95.40
93.33
89.95
87.38
84.36

97.02
97.62
95.97

Pb(H)
Cu(II)
Cd(II)
Zn(II)
Ni(II)
Fe(II)
As(V)

93.53

89.95
87.38
84.36

0.8
0.6
0.4
0.2
0.0
-0.2
-0.4
C
-

-0.6
-0.8
-1.0
-1.2
0

2

4

ö

Tin (hr)

Figure 4.3 Lagergren plots for Pb(ll), Cu(H), Cd(ll), Zn(II), Ni(II), Fe(II) and As(V)
adsorption by bacterially produced metal sulfides (Initial metal concentration = 50
tM; pH = 6.0; ionic strength = 0.001M NaNO3; adsorbent dose = 10 g 1 1; Temp = 22
°C).
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The kinetic data was applied to Lagergren's rate equation (Altundogan et al., 2002;
Rengaraj et al., 2002):

Iog(q — q)=logq

_kad

t
2.303

(1)

where q and q (tmol g') are the amounts of adsorbed species at equilibrium and at
time t (hr), respectively, and kad is the rate constant of adsorption (hr'). A linear plot
of log(qe

-

q) versus time indicates that the adsorption process follows a first order

rate reaction. It is evident from Figure 4.3 that the adsorption kinetics followed first
order characteristics and highlights the applicability of the Lagergren's equation. The
values of kad were calculated from the gradient of the linear plots and are shown in
Table 4.5 for each heavy metal with their corresponding correlation coefficient. From
these results it was observed that the rate constant of adsorption was in the order of
Fe<As<Zn<Ni<Cd<Cu<Pb, ranging from 0.3255 to 0.4699 hr'

Table 4.5 Adsorption rate constants from Lagergren plots for Pb(II), Cu(II), Cd(ll),
Zn(ll), Ni(II), Fe(ll) and As(V) (Initial metal concentration

= 50

tM; pH = 6.0; ionic

strength = 0.001M NaNO3; adsorbent dose = 10 g 11 ; Temp = 22 °C).

Metal

Correlation coefficient, r2

k ad (h11)

Pb(H)
Cu(II)
Cd(II)
Zn(II)
Ni(H)
Fe(II)
As(V)

0.9754
0.9590
0.9423
0.9229
0.9412
0.9212
0.9378

0.4699 ± 0.0144
0.4316 ± 0.0236
0.4040 ± 0.0140
0.3516 ± 0.0146
0.3983 ± 0.0157
0.3255 ± 0.0124
0.3368 ± 0.0109
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4.3.3 Adsorption isotherm

Langmuir type adsorption isotherms (Langmuir, 1918), in which adsorption is
limited by surface saturation, have been commonly used to model data obtained in
sewage sludge (Artola et al., 2000; Utgikar et al., 2000) and mineral (Angove et al.,
1999; Arakari and Morse, 1993; Dong et al., 2000) adsorption studies. The Langmuir
adsorption equation is:

Qmax'e
q— 1+bCe
-

(2)

and can be rewritten in linearized form as:

Ce

1

q Qb

__

Q

(3)

where qe is the amount of adsorbed metal at equilibrium (tmol g 1), b is the
adsorption constant related to the enthalpy of adsorption (1 tmoi1 ), Qrnax is the
maximum adsorption capacity (tmol g1), and Ce is the equilibrium metal
concentration (imol F'). The adsorption of Cu(II), Pb(II), Cd(II), Zn(II), As(ll),
Fe(II) and Ni(II) at pH 6.0 by BPMS for a fixed adsorbent dose of 10 g F' and at
various initial metal ion concentrations was modelled using the Langmuir adsorption
isotherm. The linearized isotherms with respect to the Langmuir model are shown in
Figure 4.4 and the calculated values obtained for the different Langmuir equation
parameters are presented in Table 4.6.
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Table 4.6 Langmuir adsorption isotherm parameters for the adsorption of Pb(ll),
Cu(II), Cd(ll), Zn(II), Ni(II), Fe(ll) and As(V) by bacterially produced metal sulfides
(Initial metal concentrations = 0.1-200 tiM; pH = 6.0; ionic strength = 0.001M
NaNO3; adsorbent dose = 10 g 11; Temp = 22 °C).

Metal

(mol g 1)

Q

Pb(II)

14.44±1.12

Cu(II)

14.78 ± 0.96

Cd(II)
Zn(II)
Ni(11)
Fe(II)
As(V)

13.91 ± 1.10
13.45 ± 1.07
13.36±1.17
13.28 ± 1.28
13.10±1.38

b (I imor')

Correlation coefficient, r2

3.51 ± 0.02
2.26 ± 0.01
4.60 ±0.03
5.45 ± 0.03
6.67±0.05
9.01 ± 0.07
10.55 ±0.08

0.9652

0.9779
0.9997
0.9524
0.9912
0.9713
0.9766

8.0
7.0
6.0
X

xo

5.0

0
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Figure 4.4 Langmuir plots for Pb(II), Cu(II), Cd(II), Zn(II), Ni(II), Fe(II) and As(V)

adsorption by bacterially produced metal sulfides (Initial metal concentrations = 0.1200 j.tM; pH = 6.0; ionic strength = 0.001M NaNO3; adsorbent dose = 10 g F'; Temp
= 22 °C).
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On the basis of the correlation coefficient values, the Langmuir isotherm equation
was found to provide a satisfactory fit to the experimental adsorption data obtained in
bacterially produced metal sulfide systems. This suggests monolayer coverage of a
finite number of adsorption sites of similar energy. The data obtained for Cd(II) was
best represented by the Langmuir isotherm equation (r2 = 0.9997), while the worst
correlation, relatively, was obtained for Zn(II) with a correlation coefficient of
0.9524. Table 4.6 also shows that the values obtained for the maximum adsorption
capacity, Qm, ranged from 13.10-14.78 j.imol g'. These Qmax values suggests that
the metal showing the highest and lowest affinity for the bacterial produced metal
sulfides were copper and arsenic, respectively, since the parameter Qm,,x reflects the
metal affinity for the adsorbent binding sites. From the values obtained for Q

in

the Langmuir isotherm model, an affinity order in the metal-BPMS system was
established as:

Cu(II)>Pb(II)>Cd(TI)>Zn(II)>Ni(II)>Fe(II)>As(V)

A similar order was obtained for the adsorption of Cu(II), Cd(II), Zn(II) and Ni(H)
on anaerobically digested sludge by Artola et al. (2000). Kooner (1993) investigated
the comparative adsorption behaviour of copper, lead and zinc by goethite, and found
that the affinity order was Cu(II)>Pb(II)>Zn(II) at pH 6.0. The affinity of the BPMS
adsorbent appears to be related to the solubility of the metal sulfides. Table 4.7
summarizes the metal sulfide solubility values for the seven metals under study. The
maximum adsorption capacity decreased with increasing metal sulfide solubility. It
has been reported that metal cations can exchange with insoluble sulfides through a
lattice exchange or chemical replacement reaction (Park and Huang, 1989).
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M(1)2 (aq)

+

M(7)S (s)

-

M(l)S(s)

+

M(2)2 (aq)

(4)

where M(l)2 has a more insoluble metal sulfide than M(2)S (the initial sulfide
mineral). The fact that Cu(II) and Pb(II) had the greatest Q

values, in spite of

having the lowest sulfide solubility, suggests that lattice exchange reactions were
insignificant in accounting for the removal of metals compared to adsorption
processes.

The adsorption capacity for As(V) (13.10 tmol g') by BPMS is comparable to the
values of 14.43 and 12.57 tmol g' that were reported for neutralized red mud and
activated red mud, respectively, by Genç et al. (2003) and Altundogan et al. (2002),
respectively. The Q

value for As(V), however, is about 4-5 times lower than those

reported by Gupta and Chen (1978) for activated alumina (67 imol g') and bauxite
(52 iimol g 1 ). Artolaet al. (2000) reported Qm values of 1170, 1500,430 and 510
tmol g' for Cd(II), Cu(II), Ni(II) and Zn(II) adsorption on anaerobically digested
sewage, respectively, while Utgikar et al. (2000) have stated values of 30-93 and 3852 p.mol g' for Cu(II) and Zn(II) adsorption by non-viable activated sludge,
respectively. These Qma,, values are greater than those obtained in this study for
Zn(II), Cd(II), Cu(II) and Ni(II). It is clear from these investigations that the Q
values for metal ion adsorption are perhaps only expected to be applicable over a
limited range of solution conditions.
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Table 4.7 Metal sulfide solubility values for the seven metals under study. Here,
arsenic sulfide is assumed to be As2S3.

Metal
Pb
Cu
Cd
Zn
Ni
Fe
As

a

(for MX+YSY X)
33.42
40.94
32.85
28.39
27.98
22.39

aD.M. Di Toro, J.D. Mahony, D.J. Hansen, K.J. Scott, M.B. Hicks,
S.M. Mayr and M.S. Redmond, Environ. Toxicol. Chem., 9 (1990) 1487.
bLE Eary, Geochim. Cosmochim. Acta, 56 (1992) 2267.

4.3.4 Effect of initial metal concentration

The effects of initial metal concentration on the amount of metal ions adsorbed at
equilibrium by BPMS at a fixed adsorbent dose of 10 g F' and pH 6.0 is depicted in
Figure 4.5. The results show that Pb(ll), Cu(II), Cd(II), Zn(II), Ni(ll), Fe(II) and
As(V) adsorption (qe, tmol g 1 ) increases with initial metal concentration, assuming
that the total concentration of available surface adsorption sites was much greater
than the total metal concentrations in each experiment. In other words, despite the
increase in total amount of metal adsorbed with increasing initial metal
concentration, there was a decrease in the percentage of metal adsorbed with
increasing initial metal concentration (Figure 4.6). This behaviour was attributed to
existence of a range of binding intensities between the metal ions and solid surface
sites, as well as the more efficient utilization of the adsorption capacities of the
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adsorbent due to a higher concentration gradient pressure. Similar trends were
observed by Lion et al. (1982) and Genc et al. (2003) studying the adsorption of
Cd(ll) and Pb(II) by estuarine marsh sediments and As(V) adsorption by neutralized
red mud, respectively.
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Figure 4.5 The effect of initial metal concentrations on Pb(H), Cu(II), Cd(II), Zn(ll),
Ni(II), Fe(II) and As(V) adsorption by bacterially produced metal sulfides (Initial
metal concentrations = 0.1-200 tM; pH = 6.0; ionic strength = 0.001M NaNO3;
adsorbent dose = 10 g I; Temp = 22 °C).

Moreover, by re-plotting the data shown in Figure 4.5 in terms of qe versus Ce
(Figure 4.7), it can be seen that as the initial concentrations of Pb(ll), Cu(H), Cd(ll),
Zn(II), Ni(II), Fe(II) and As(V) increase, the slope of the adsorption isotherm levels
off, indicating that the BPMS is reaching an adsorption maximum. The solid and
dashed line in Figure 4.7 represents the best fit of the data to the Langmuir
adsorption equation (Eq. [2]), with correlation coefficients ranging from 0.9659 for
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Cd to 0.9880 for As. Similar adsorption isotherms have been observed for Cd(II),
Cu(II), Ni(II) and Zn(II) on anaerobically digested sludge (Artola et al., 2000), As(V)
on neutralized red mud (Genc et al., 2003) and Cd(II) and Co(II) on goethite ((xFeOOH) (Angove et al., 1999). The adsorption isotherms depicted in Figure 4.7
displayed an L-type shape (Sposito, 1989), suggesting high affinity of the metal ions
for BPMS surface at low surface coverages coupled with a decrease in the number of
sites available for further adsorption.
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Figure 4.6 The effect of initial metal concentrations on percentage of Pb(ll), Cu(II),
Cd(II), Zn(H), Ni(II), Fe(II) and As(V) adsorbed by bacterially produced metal
sulfides (Initial metal concentrations = 0.1-200 tM; pH = 6.0; ionic strength =
0.001M NaNO3; adsorbent dose = 10 g 1-1; Temp = 22 °C).
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Figure 4.7 L-type adsorption isotherm for • Pb(ll), o Cu(II), • Cd(II), 0 Zn(II), L
Ni(II), x Fe(ll) and

o

As(V) on bacterially produced metal sulfides. The solid and

dashed lines represent best fit to the Langmuir adsorption equation using GraphPad
Prism Version 4.01 software (GraphPad Software, 2004) (Initial metal concentrations
= 0.1-200 tM; pH = 6.0; ionic strength = 0.001M NaNO3; adsorbent dose = 10 g 11;
Temp = 22 °C).

4.3.5 Effect of adsorbent dosage

The effect of the dosage of BPMS on the removal of Pb(II) and Cu(II) is depicted in
Figure 4.8(a-d). Increasing the amount of adsorbent, at a constant pH and initial
metal concentration, led to an increase in the percentage removal of Pb(II) and
Cu(ll). That is, higher adsorbent dosages resulted in lower q values at a given initial
metal concentration (Figure 4.8(a-d)). Results showed that for the quantitative
removal of Pb(II), Cu(II), Cd(ll), Zn(II), Ni(II), Fe(II) and As(V) from a solution
containing 50 tmol 1' metals, a minimum BPMS dosage of 8 g 1' was required. This
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adsorbent concentration effect was expected because, for a fixed initial metal
concentration, increasing adsorbent doses provides a greater surface area or number
of available adsorption sites for metal ion adsorption. The same concentration effect
was also observed for the adsorption of heavy metals on sewage sludge (Lister and
Line, 2001; Solari et al., 1996; Utgikar et al., 2000), activated red mud (Altundogan
et al., 2002), neutralized red mud (Genc et al., 2003) and goethite (Kooner, 1993).
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Figure 4.8 The effect of BPMS dosage on the removal of (a) Pb(H) and Cu(II), (b)
Cd(II) and Zn(II), (c) Ni(H) and Fe(H) and (d) As(V)) (Initial metal concentration =
50 tM; pH = 6.0; ionic strength = 0.001M NaNO3; adsorbent dose = 0.5-15 g
Temp = 22 °C).
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4.3.6

Effect of pH

Figure 4.9 shows the adsorption of Pb(II), Cu(II), Cd(H), Zn(II), Ni(ll), Fe(II) and
As(V) onto BPMS as a function of pH at a fixed adsorbent dose of 10 g 1' and initial
metal concentrations ranging from 0.5-50 p.mol l Adsorption of heavy metals
increased rapidly within a narrow range of 1-2 pH units, reaching a plateau as pH
continues to increase to at least pH -7.5 (the highest pH used in this study). This
sharp increase in heavy metal adsorption is commonly referred to as the "adsorption
edge". The copper, iron, nickel, cadmium, zinc and lead adsorption curves reach
almost 100%. With an increase in the metal concentrations, the adsorption edge
shifted to a higher pH. The above pH trends are similar to those of other adsorbents
such as oxides (Benjamin and Leckie, 1981; Kooner, 1993), estuarine particulate
matter (Lion et al., 1982), hydrous CdS (Park and Huang, 1989) and activated
carbons (Corapcioglu and Huang, 1987).

Similarly, the percentage adsorption of As(V) by BPMS was found to be close to
100%, increasing abruptly between pH 4-7 (Figure 4.9). Hsia et al. and Wilkie and
Hering (1996) observed close to 100% adsorption of As(V) on hydrous ferric oxide
from pH 4 to 8. Interestingly, it appears the adsorption of As(V) to BPMS and metal
(hydr)oxides are characteristically different. Adsorption of As(V) by BPMS
increased with pH, which is not consistent with As(V) (AltundoLän et al., 2002;
Genç et al., 2003) and As(III) (Dzombak and Morel, 1990; Hiemstra and Van
Riemsdijk, 1999) adsorption on metal (hydr)oxides typically described by a pH
envelop in which adsorption is greatest at circumneutral pH and decreases as pH
increases. This may imply that the adsorption of As(V) onto BPMS occurs through a
fundamentally different mechanism than that of metal
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Figure 4.9 Adsorption of Pb(II), Cu(II), Cd(II), Zn(II), Ni(II), Fe(ll) and As(V) onto
BPMS as a function of pH (Initial metal concentrations = 0.5-50 jtM; ionic strength
= 0.001M

NaNO3; adsorbent dose = 10 g l; Temp = 22 °C).
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(hydr)oxides, even though close to 100% adsorption of As(V) was observed in the
same pH region.

It has been suggested that metal removal on hydrous solids increases at the alkaline
pH region due to surface precipitation (formation of multilayered solid species on the
adsorbent surface) (Farley et al., 1985). However, other investigators have reported
non-surface precipitation mechanisms (Davranche and Bollinger, 2000; Park and
Huang, 1989). Park and Huang (1989) suggested that surface precipitation may occur
at alkaline pH (pH>8) and high residual metal concentrations (>10 tmol 11 ). No
significant interactions with hydroxide ions (OH) was observed at pH<8 for Zn(H),
Cu(II), Pb(II) and Cd(II) (Hanlon et al., 1966; Kooner, 1993). Under the
experimental conditions of the present study and the observed L-type adsorption
isotherms, it is proposed that adsorption, rather than surface precipitation was
responsible for the removal of metal ions.

The mobility of the heavy metals in the aqueous phase can be characterized by using
a distribution coefficient, Kd, and may be defined by the following equation (Kooner,
1993):

K(mlg')—

{soM]
[M]

(5)

where SOM is the moles of metal adsorbed per gram of BPMS and M is the
equilibrium metal concentration (mol ml'). The parameter Kd can be calculated from
experimental data using the following equation:
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%Mad
Kd (m191)= 1000 x
(100%Mad ) x

s

(6)

where %Mad is the percentage of metal adsorbed by BPMS and S is the BPMS
concentration in suspension (g f1)• The value of Kd acts as an indicator of the ability
of the metal to be available for transport in the aqueous phase. A high distribution
coefficient value suggests that most of the metal is retained by the adsorbent by
adsorption processes. That is, the higher the distribution coefficient, the lower the
ability of the metal to remain in the solution and vice versa (Kooner, 1993).

The distribution coefficients for Pb(II), Cu(H), Cd(II), Zn(ll), Ni(II), Fe(H) and
As(V) for the corresponding pH adsorption edge data presented in Figure 4.9 were
determined using Equation 6 and the results shown in Figure 4.10. Examination of
Figure 4.10 shows that the distribution coefficients increased with increasing values
of pH for all heavy metals studied. The distribution coefficients ranged from
2-4.89 x 104 ml g 1 for Pb over the range of -5.0 pH units, whereas Kd varied
between 2-2.98 x 105 ml g 1 for Cu, 2-2.84 x 105 ml g' for Cd, 2-2.2 x 104 ml g' for
Zn, 1-2.3 x 103 ml g' for Ni, 2-9.9 x 104 ml g' for Fe and 2-2.3 x 103 ml g 1 for As,
depending on metal concentration. Lower Kd values suggest that the fraction of metal
bound to BPMS is low and thus most of the metal remains in solution where it is
available for geochemical reactions and may also be transported with the aqueous
medium. The results show that Pb(ll), Cu(II), Cd(ll), Zn(II), Ni(II), Fe(II) and As(V)
are potentially more mobile at low pH and became increasingly less mobile as pH
increases above -2.5. Moreover, when the values of Kd are compared for all seven
heavy metals and their relative magnitude as a function of pH, particularly above pH
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Figure 4.10 Distribution coefficients, Kd, for Pb(H), Cu(II), Cd(II), Zn(H), Ni(ll),
Fe(II) and As(V) as a function of pH (Initial metal concentrations = 0.5-50 xM; ionic
strength = 0.001M NaNO3; adsorbent dose = 10 g F'; Temp = 22 °C).
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5.0, it may be concluded that under similar conditions, generally more Zn is available
in solution, while more Cu and Cd are retained via adsorption onto BPMS surface
(Figure 4.11). Based on the experimental Kd values, the apparent mobility as a
function of pH at a given metal concentration increases in the order:
Cu=Cd<Pb<Zn<Ni<Fe<As.

6
*Pb

5

no

(b)

(a)

6
DQi

0

0.

•

•O:1
o Zn

4

-

ANi

••0

o0

no

oco

•.

s

4

OZn
ANi
XFe
0As

0416

XFe
o As

no
o2

*Pb

5

no

0

o?

>k

A

00

0
2.0

4.0

6.0

2.0

8.0

4.0

pH

8.0

(d)

(C)

6

6
*Pb

5

no

6.0
pH

• Pb

U

ocsi

5 DOs

.c1

4

-

OZn

ANi

no

•Cd

4

•.

OZn

0

ANi

XFe

no

U

U

XFe
0As

0 As

0

0
2.0

4.0

6.0

8.0

2.0

pH

4.0

6.0
pH

Figure 4.11 Comparison between the distribution coefficients, Kd, for Pb(II), Cu(II),
Cd(II), Zn(H), Ni(II), Fe(IJ) and As(V) as a function of pH at initial metal
concentrations of (a) 0.50, (b) 1.0, (c) 10 and (d) 50 j.tmol F' (Ionic strength =
0.001M NaNO3; adsorbent dose = 10 g 11; Temp = 22 °C).

8.0

130

4.3.7 Desorption

Desorption (or reversibility) of adsorbed heavy metal by BPMS was investigated by
decreasing the solution pH with 0.1 mol 1-1 HNO3 on a suspension initially
containing 10 g 1-1 adsorbent and 50 jimol 1-1 metals. The results for Pb(II), Cu(II),
Cd(II), Zn(II), Ni(II), Fe(II) and As(V) are shown in Figure 4.12. The extent of
desorption of Pb(II) and Cu(H) were similar, with the other heavy metals showing
similar trends. Figure 4.12 also shows the desorption data did not fall on the
corresponding adsorption curve and the desorption curve deviated substantially from
the adsorption curve. This sort of hysteresis suggests that the adsorption of heavy
metals in this study by BPMS were irreversible, and hence were adsorbed mainly via
a chemisorption mechanism. In addition, the delay in desorption (Figure 4.12) until
pH 5.0 was reached also suggests a slow process more compatible with the formation
of strong, inner-sphere complexes. Inner-sphere complexes are formed via a ligand
exchange reaction with a surface functional group, and as a result, no water
molecules are present between surface functional groups and the metal ions (Sposito,
1989).

To further investigate the irreversibility of the adsorption process, a dimensionless
constant separation term, RL, was used on the Langmuir isotherm data (Genc et al.,
2003). The RL values were calculated using the following equation:

RL =

1

(7)
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where CO is the initial metal concentration (jtmol F'), and b is the adsorption constant
related to the enthalpy of adsorption (1 jimoF') determined from the linearized
Langmuir isotherms. The parameter RL reflects the shape of the Langmuir adsorption
isotherm and 0 <RL < 1 corresponds to high-affinity adsorption (Genc et al., 2003).
RL

values were calculated for all the pH experiments, which indicated that the

adsorption of Pb(II), Cu(ll), Cd(II), Zn(II), Ni(II), Fe(II) and As(V) by BPMS was
high-affinity type adsorption regardless of the pH and initial metal concentrations.
All the RL values were similar in range and the results for experiments conducted at
an initial 10 tmol 1' metals are presented in Table 4.8. The high-affinity type
adsorption found here is in concordance with the low reversibility of the adsorption
process, and provides further evidence that chemisorption may be governing the
system.

4.3.8 Possible mechanism for heavy metal adsorption

The low reversibility of adsorption, coupled with the release of protons during
adsorption of metals by BPMS surface, leads us to suggest that the divalent metals in
this study were adsorbed to BPMS surface as inner-sphere complexes. The triplelayer model of adsorption has been used by Davis and Leckie (1978) to describe the
adsorption of metal ions onto hydrous oxide with great predictability. However, the
method is complex and there is difficulty in the selection of triple-layer properties
such as thickness, dielectric constants and surface acidity parameters. Based on the
present laboratory data, it is not possible to verify the formation of inner-sphere
surface metal complexes and therefore a detailed mechanistic interpretation is not
presented. However, we have used an approach where the adsorption of metals on
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BPMS surface is modelled as a process analogous to oxide minerals and, in essence,
is similar to that suggested by Stumm et al. (1980) and Kooner (1993).

Table 4.8 Constant separation values, RL, for the adsorption isotherms of Pb(ll),
Cu(H), Cd(ll), Zn(ll), Ni(II), Fe(II) and As(V) on BPMS as a function of pH (Initial
metal concentration = 0.5-50 imol L'; ionic strength

=

0.001M NaNO3; adsorbent

dose = 10 g V'; Temp = 22 °C).

Initial metal
concentration (mol r')

RL value

pH
Pb(II)

Cu(II)

Cd(II)

Zn(II)

Ni(1I)

Fe(II)

As(V)

0.5

4.0
5.0
6.0
7.0

0.0115
0.0411
0.6197
0.9638

0.0037
0.0680
0.9469
0.3734

0.0074
0.0759
0.4723
0.9870

0.0241
0.0746
0.3250
0.8696

0.0104
0.0373
0.1770
0.5750

0.0200
0.0411
0.1292
0.4934

0.0281
0.0376
0.1708
0.2737

1.0

4.0
5.0
6.0
7.0

0.0053
0.0192
0.4270
0.9241

0.0017
0.0323
0.8908
0.2142

0.0034
0.0362
0.2904
0.9721

0.0111
0.0355
0.1805
0.7531

0.0048
0.0174
0.0895
0.3822

0.0092
0.0192
0.0635
0.3082

0.0131
0.0175
0.0861
0.1470

10

4.0
5.0
6.0
7.0

0.0006
0.0021
0.0754
0.5710

0.0002
0.0036
0.4715
0.0290

0.0004

0.0012

0.0041
0.0428
0.7920

0.0040
0.0235
0.2501

0.0005
0.0019
0.0106
0.0634

0.0010
0.0021
0.0074
0.0465

0.0014
0.0019
0.0102
0.0185

4.0
5.0
6.0
7.0

0.0001
0.0004
0.0161
0.2109

0.00004
0.0007
0.1519
0.0059

0.0001
0.0008
0.0089
0.4333

0.0002
0.0008
0.0048
0.0628

0.0001
0.0004
0.0022
0.0134

0.0002
0.0004
0.0015
0.0097

0.0003
0.0004
0.0021
0.0038

50
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Figure 4.12 The adsorption (closed symbols) of Pb(II), Cu(H), Cd(II), Zn(ll), Ni(ll),
Fe(II) and As(V)by BPMS as a function of increasing pH and its subsequent
desorption (open symbols) by decreasing pH (Initial metal concentration = 50 tM;
ionic strength = 0.001M NaNO3; adsorbent dose = 10 g 11; Temp = 22 °C).
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The adsorption of metals in this study by BPMS is thought to occur at the
hydroxylated metal BPMS surface sites that originate from a dissociative
chemisorption of water molecules (Eq. [8]). That is, the BPMS surfaces are hydrated
in aqueous solution by water, producing surface hydroxyl (-OH) groups. This is
followed by the ligand exchange reaction between the surface hydroxyl groups and
metal absorbing ions, leading to the formation of inner-sphere metal complexes (Eq.
[9]).

ES-OH

SOH + H

-

SOH

+

SOH

+

M2

SOM

-

SOM

-

(8)

+

H

(so)2 M

+

(9)
H

(10)

where SOH is a BPMS surface binding site, M2 is a soluble divalent metal ion and
SOM is a surface bound metal ion. Equation [10] will only take place after the
reaction described in Eq. [9]. Although all the binding sites are assumed to be
equivalent in the beginning, the reactions outlined above can create more than one
type of binding site. It is possible that surface sites that undergo monodentate binding
(Eq. [9]) are different to those that take part in bidentate binding (Eq. [10]).

4.3.9 Arsenic adsorption mechanism

Under oxic conditions soluble arsenic exists predominantly as deprotonated
oxyanions of pentavalent arsenate. The dominant species are HAs042 and H2As04
at 6.9<pH<11.5 and 2.2<pH<6.9, respectively (Korte and Fernando, 1991). Arsenate
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has been found to adsorb strongly to Fe and Al (hydr)oxides (Fendorf et al., 1997;
Hiemstra and Van Riemsdijk, 1999). Anion adsorption on (hydr)oxides has been
described by surface complexation models involving ligand exchange of surface
hydroxyl groups (Dzombak and Morel, 1990; Fendorf et al., 1997; Hiemstra and Van
Riemsdijk, 1999). Similar adsorption mechanisms have been proposed for anion
adsorption on sulfide minerals (Balsley et al., 1998; Gärd et al., 1995). These
mechanisms assume that the surface is hydroxylated and no surface sulfhydryl
groups are available to interact with ions in solution. For example, Gärd et al. (1995)
showed that carbonate adsorption occurs through ligand exchange on hydroxyl
surface sites of sulfide minerals (Eq. [11]).

ESOH

+

HCO3 -*

S-OHCO2 + OW

(11)

Eq. [10] can thus be rewritten for As(V) adsorption:

SOH + HAsO42 -

S-OHAsO3 + OW

(12)

SOH + H2AsO4

S-OHAsO3 + H20

(13)

-

which shows the production of one hydroxide ion and thus predict that adsorption
should be most pronounced at low pH values. Eq. [12-13] preserves the oxo
coordination of As(V).

In contrast, As(V) adsorption by BPMS increases with pH and is thus
characteristically different to adsorption by (hydr)oxides. Outer-sphere adsorption
mechanisms (formed mainly by electrostatic interactions and contain more than one
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water molecule between the surface functional group and the metal ion (Sposito,
1989)) are inconsistent with the observed hysteresis in adsorption and desorption. In
addition, the delay in desorption until pH 5.0 was reached suggests a slow process
more compatible with the formation of strong, inner-sphere complexes. Thus, it
appears As(V) complexes to BPMS surfaces through an inner-sphere mechanism
distinct from those of surface hydroxyl exchange, possibly involving sulfhydryl
groups.

Recently, Bostick et al. (2003) using X-ray adsorption spectroscopy (XAS) have
postulated that As(ffi) adsorption to FeS results in the formation of FeAsS-like
surface precipitates.

3FeS+As(OH)3

FeS + FeAsS + Fe(OH)3

(14)

Here, FeS2 reacts with As(III) to form longer chain polysulfides:

7FeS., + 2As(OH)3

3FeS + 2FeAsS + 2Fe(OH)3

(15)

The formation of multinuclear arsenic sulfide complexes were reported by Bostick
and Fendorf (2003) when As(III) adsorbed onto PbS and ZnS surfaces. In the present
study, it is possible that both mechanisms (inner-sphere and multinuclear complex
formation) are operating for As(V) adsorption by BPMS, since the BPMS contains
FeS and ZnS solid-phase products. However, this cannot be verified using the
present laboratory data.
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4.4 Conclusion

Batch experiments show that metal sulfide solid-phases produced by sulfate reducing
bacteria can remove Pb(II), Cu(II), Cd(II), Zn(II), Ni(II), Fe(II) and As(V) from
aqueous solution to low residual levels. The adsorption process was found to be
dependent on initial metal concentrations, pH and adsorbent dosage, with pH having
the greatest effect. The adsorption characteristics of these metals by BPMS were
similar to those previously observed for (hydr)oxides. The adsorption isotherms were
adequately fitted using the Langmuir equation, suggesting monolayer coverage of
finite number of adsorption sites of similar energy. The adsorption process was rapid
with maximum adsorption achieved within a 24 hr period. Desorption experiments
indicated that there was a delay in desorption and the reversibility of adsorption was
low, consistent with a high-affinity type adsorption governed by chemisorption
mechanisms.

The mechanisms of adsorption for the divalent metal ions by BPMS was thought to
occur through the formation of strong, inner-sphere complexes, involving surface
hydroxyl groups analogous to adsorption by (hydr)oxides. Conversely, the adsorption
of As(V) was found to be characteristically different to those observed for
(hydr)oxides, with the pH envelop of adsorption increasing with pH. This indicates
that As(V) adsorbs to BPMS surfaces through an inner-sphere mechanism that is
distinct from those of surface hydroxyl exchange, possibly involving sulfhydryl
groups and formation of FeAsS-like surface precipitates.
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The present data suggest that adsorption of heavy metals by BPMS may be an
effective and relatively irreversible process that can be potentially used to sequester
soluble metals in aqueous solutions. However, it must be mentioned that the present
data set does not evaluate sulfide oxidation processes, which may lead to the release
of oxidized heavy metal and arsenic species. The effect of these oxidation processes
on As, Cu, Fe, Ni and Zn in BPMS is presented in Chapter 6.
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Chapter 5 Heavy Metal Speciation in Solid-Phase Materials from an
Anaerobic Bioreactor
5.1 Introduction

One of the most serious environmental concerns associated with the mining industry
around the world is acid mine drainage (AMID). AMID is caused by chemical or
biological oxidation of exposed sulfide minerals, resulting in the generation of
acidity in the form of sulfuric acid which can further dissolve minerals, releasing
cations (Chang et al., 2000; Christensen et al., 1996). AMID is typically characterized
by high acidity and high concentrations of sulfates and metals. This acidic, metal
contaminated water can adversely impact on both surface and groundwater if left
untreated. In this section, the term "heavy metals" is taken to include Zn, Cu, Ni and
Fe, and the metalloid As.

Conventionally, AMID is treated via chemical means by the addition of an alkaline
agent or sulfide in order to promote metal precipitation as hydroxides or sulfides
(Gibert et al., 2003). An alternative method is metal precipitation by biogenically
generated sulfides. The use of sulfate reducing bacteria (SRB) in biological mediated
sulfate reduction as an alternative method for remediating metal and sulfate
contaminated waters has been demonstrated (Chang et al., 2000; Christensen et al.,
1996; El Bayoumy et al., 1999). Under anaerobic conditions, SRB oxidize low
molecular weight organic matter (e.g. lactate) using sulfate as an external electron
acceptor (Dvorak et al., 1992) which can be represented by:

2CH3CHOHCOO +SO

-

2CH3COO +2HCO +H2S

(1)
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The result of this bacterial respiration is the decrease in sulfate and an increase in
sulfide and HCO3 in the interstitial waters of the surrounding environment. The
production of HCO3 increases alkalinity and pH. The solution is usually buffered to
pH 6-7 when sufficient sulfate reduction occurs. Hydrogen sulfide is a weak diprotic
acid and dissociates as follows:

H 2S=H+HS

(2)

HSH+S2

(3)

The pKa for HS (Eq [2]) and S2 (Eq [3]) are 6.88 and 14.15, respectively
(Greenwood and Earnshaw, 1986). The sulfide ion has high affinity for many heavy
metals, including As, Cu, Ni, Zn, Pb, Fe and Cd, resulting in the precipitation of
metal sulfide solid-phases. Using M2 to represent a divalent metal ion, the reaction
can be written as:

H2S + M2

-

MS (s) + 2H

(4)

In addition, the increase in alkalinity can cause some metals to hydrolyze and
precipitate as insoluble hydroxides or oxides and result in further removal of metals
(Dvorak et al., 1992).

+ nH 2 0

-

M(OH) (s) + nH

(5)
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However, regardless whether chemical or biological treatments are used, large
amounts of sludge is generated. In both cases, the immobilized heavy metals are of
concern because of their potential to become toxic pollutants under oxic conditions.
For sediments, heavy metals can be classified into five categories based on primary
accumulation mechanisms: (i) adsorptive and exchangeable, (ii) bound to carbonate
phases, (iii) bound to Fe-Mn oxides (reducible phases), (iv) bound to organic matter
and sulfides and (v) detrital or lattice bound metals (Salomons and Förstner, 1980).
Similar heavy metal binding mechanisms could also be operating in sludges
produced by SRB mediated sulfate reduction processes. The form in which a metal
exists is believed to greatly affect its mobility, bioavailability and ultimately
determines the potential for environmental contamination (Förstner, 1985; Salomons
and Förstner, 1980).

A key partitioning phase controlling the activities of some divalent cationic heavy
metals in sediments is acid volatile sulfides (AVS) (Di Toro et al., 1990; Leonard et
al., 1999). AVS is mainly comprised of free sulfides, iron monosulfide (FeS), and
greigite (Fe3S4), as well as sulfides of other divalent heavy metals such as Cu, Ni, Zn,
Cd and Pb. They are operationally defined as sediment sulfides that are liberated by
treatment of the sediment with cold 1 M hydrochloric acid (Leonard et al., 1999; Yu
et al., 2001). The metals liberated during the AVS extraction are operationally
defined as simultaneously extracted metals (SEM). AVS combined with SEM are
commonly used as a tool for the assessment of potentially bioavailable metal
concentrations. Several studies have reported that sediments in which SEM exceeds
AVS (i.e. SEM/AVS ratio >1) were potentially toxic (Di Toro et al., 1992; Leonard
et al., 1999). Conversely, sediments with SEM/AVS ratio <1 were considered non-
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toxic. These findings were based on the assumption that the metals of SEM other
than binding with AVS all existed in pore water and could be bioavailable to benthic
organisms.

Metal concentrations, however, were found to be usually low in pore waters of Lake
Michigan sediments despite the sediments having SEMIAVS ratios >1 (Leonard et
al,, 1996a). Several studies have suggested that the presence of additional binding
phases could explain why all sediments with SEMIAVS ratios >1 do not cause
increased toxicity (Ankley et al., 1996; Leonard et al., 1996a; Van den Berg et al.,
1998). For oxidized sediments, organic matter and Fe and Mn-oxides have been
considered as key binding phases for metals. However, the key binding phases of
heavy metals in anoxic sediments is largely unexamined. With respect to the present
study, AVS was expected to be principally generated in an anaerobic bioreactor
inoculated with SRB, which is analogous to that of sulfide formation in natural
environments being usually associated with bacterial sulfate reduction. However,
additional key binding phases other than AVS for metals in such systems could also
be important when examining the overall chemical speciation of metals in the solidphase.

The use of sequential extraction procedures (SEP) has been commonly used for the
speciation of particulate metals by providing a means of determining the distribution
of metals in different chemical forms (Billon et al., 2002; Davidson et al., 1994;
Tessier et al., 1979). It is an operationally defined speciation technique in which a
sequence of selective chemical extractants is used to release species associated with
particular solid-phases, with each successive treatment being more vigorous in
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chemical action or different in nature from the previous one (Davidson et al., 1994;
Pérez-Cid et al., 1996). A number of sequential extraction schemes have been
described for soils, sediments and sewage sludge (Billon et al., 2002;

anar et al.,

2000; Davidson et al., 1994; Förstner and Salomons, 1991; Gibert et al., 2003; Gupta
and Chen, 1975; Ma and Rao, 1997; McLaren and Clucas, 2001; Miller and McFee,
1983; Pérez-Cid et al., 1996; Rauret et al., 1989; Shuman, 1985; Stover et al., 1976;
Tessier et al., 1979). A large number of sequential extraction methods are variants on
the procedures described by Tessier et al. (1979). SEP has also been used to assess
the bioavailability of heavy metals in contaminated soils and sediments (Xian, 1989).
Such assessments assume that the metal bioavailability decreases with each
successive extraction step in the procedure. Accordingly, metals associated with the
water and exchangeable fractions, for example, would be readily bioavailable to the
environment, whereas the metals associated with the residual fraction are tightly
bound and therefore would not be expected to be readily mobilized and bioavailable
under natural conditions (Xian, 1989).

All of the above studies have highlighted the limitations of SEP due to uncertainties
in the selectivity of the various extractants (i.e. the reagents used in SEP may be
insufficiently specific to dissolve exclusively the "target" phases), operational factors
and possible problems due to readsorption. Consequently, results obtained can vary
immensely when different extraction schemes and experimental conditions are used,
and cannot always be universally compared. Although not universally adopted, a
SEP was recently proposed in an effort to harmonize and standardize a speciation
procedure under the auspices of the Community Bureau of Reference (B CR) of the
Commission of the European Communities (Quevauviller et al., 1997; Ure et al.,
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1993). Despite the limitations, SEP provide useful information regarding the
chemical reactivity and forms of associations of metals and, indirectly, of their
bioavailability (Batley, 1990; Harrison, 1981).

The chemical speciation of metals in solid-phases generated by SRB mediated sulfate
reduction during the treatment of AMD or other metal contaminated waters is, so far,
largely unexamined. Moreover, the specific chemical forms of heavy metals and their
mode of binding in these solid-phase sludges are important considerations in
estimating their mobility, bioavailability and determining whether they are similar to
the forms found in other environments. Therefore, the main objective of this study
was to determine experimentally the predominant chemical forms of solid-phase
heavy metals precipitated in an anaerobic bioreactor, previously used to treat mildly
acidic heavy metal contaminated waters, using a modified Tessier six-step sequential
extraction procedure combined with AVS analysis.

5.2 Materials and Methods

5.2.1 Solid-phase samples

The solid-phase samples used for this study were obtained from an upflow anaerobic
packed bed reactor (UAPB) that was previously used for the treatment of mildly
acidic heavy metal (Fe, Cu, Zn, Ni and As) contaminated water (see Chapter 3). The
anoxic bacterially produced metal sulfide (BPMS) precipitates were manually
removed under a stream of high-purity nitrogen gas (Air Liquide) and used for SEP
and AVS studies. The wet, bulk BPMS (consisting of sand particles and mixed
precipitates) was mixed thoroughly and sampled in a nitrogen-filled glove box and
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stored in double zip-locked plastic bags at 4 °C when not required. All practical steps
were employed to minimize contact of this reduced fraction with atmospheric 02
while in storage. Duplicate samples (5 g) were dried at 60 °C for —1 week to constant
mass for the determination of the average dry/weight ratio. Subsequently, all masses
reported and results of measurements were expressed on a dry mass basis.

5.2.2

AVS extraction procedure

A modified diffusion method was employed for analysis of AVS and SEM in anoxic
BPMS samples based on the procedures of Brouwer et al. (1994) and Leonard et al.
(1996b). In short, a 2.5 g BPMS sample was weighed into a glass reaction vessel that
had a small beaker glued to its inside wall. Sulfide trap solution (STS; 5 ml) was
added into the beaker to trap volatized H2S from the BPMS sample on addition of 25
ml of 1 M HCl. The sulfide trap solution contained 2 M NaOH (to convert H2S into
S2 ) and 0.1 M ascorbic acid (to prevent oxidation of 52) The reaction vessel was
then immediately sealed and gently stirred with a magnetic flea for 1 hr. The STS
containing adsorbed H2S was analyzed using the methylene blue colorimetric method
(Greenberg et al., 1992). The hydrochloric acid extract from the AVS procedure was
filtered through a 0.45 p.m pore size filter into a polypropylene tube and retained for
SEM determinations. Eight replicate BPMS samples and quaciruplicate method
blanks were taken through the AVS extraction procedure. Two types of triplicate
spike experiments were also performed in order to evaluate the efficacy of the AVS
method. In one experiment, the AVS procedure was conducted on known sulfide
solutions spiked into Hi-pure (HP) water (Permutit, Australia). The second
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experiment involved the recovery of AVS from BPMS samples spiked with known
concentrations of sulfide.

5.2.3 Sequential extraction procedures

The sequential extraction used in this study was a modified method based on the
procedures of Tessier et al. (1979). It is designed to separate heavy metals into six
operationally defined fractions: water soluble, exchangeable, carbonate bound, FeMn oxides bound, organic matter/sulfide bound, and residual fraction. BPMS
samples (2.5 g) were weighed into a 50 ml polypropylene centrifuge tube (Falcon) in
a nitrogen-filled glove box, and the following fractions were obtained as follows:

Water soluble. The BPMS was extracted with 30 ml HP water, previously
purged for 30 mm with high purity N2 gas (Air Liquide, Australia) to minimize
oxidation and help preserve metal speciation, using a mechanical wrist shaker (Stuart
Scientific, Flask Shaker S171) at 400 oscillations per minute for 2 hr.

Exchangeable. The residue from (I) was extracted with 16 ml of pH 7.0 1M
Mg02, previously purged for 30 min with high purity N2 gas, for 1 hr with
continuous mechanical agitation.

Carbonate bound. The residue from (II) was extracted with 16 ml 1M sodium
acetate (NaOAc) (adjusted to pH 5.0 with acetic acid, HOAc), previously purged for
30 min with high purity N2 gas, for 5 hr with continuous mechanical agitation.
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Fe-Mn oxides bound. The residue from (III) was extracted with 40 ml 0.04M
hydroxyl amine hydrochloride (NIH20H•HCI) in 25% (v/v) HOAc for 4 hr, then
heated at 96 °C for 1 hr in a water bath with occasional manual agitation.

Organic matter/sulfide bound. The residue from (IV) was digested at room
temperature with 6 ml 0.02 M HNO3 and 10 ml 30% H202 (adjusted to pH 2.0 with
conc. HNO3 ) for 1 hr with intermittent manual agitation. It was then heated at 85 °C
for 2 hr in a water bath with occasional manual agitation. A further 6 ml 30% H202
(pH 2.0 with conc. HNO3) was added and the contents digested at 85 °C for another
3 hr with intermittent manual agitation. After cooling, 10 ml of 3.2 M ammonium
acetate (NILOAc) in 20% (v/v) H103 was added and the samples diluted to 40 ml
with HP water and mechanically agitated for 30 mm. The purpose of the NH4OAc
was to prevent adsorption of extracted metals onto the oxidized BPMS.

(VT) Residual. The residue from (V) was transferred into a digestion tube and 1 ml
conc. FIN03 and 4 ml conc. HC104 was added. The contents were digested under
reflux at 160 °C, 220 °C and 250 °C for 30, 220 and 180 mm, respectively, to reduce
the final volume to 2 ml. After cooling, the sample was diluted to 20 ml with HP
water, mixed using a Vortex mixer (Ratek Instruments, Australia) and allowed to
settle overnight at 4 °C. The supernatant was then carefully decanted into a 10 ml
polypropylene tube (Sarstedt) and stored at 4°C until analysis.

Between each extraction step, the supernatant was separated from the solid-phase
residue by centrifugation at 5000 rpm for 15 mm (Beckman, model TJ-6). The
supernatant was then carefully removed using a plastic syringe, filtered through a
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0.45 jtm filter into a polypropylene tube and stored at 4 °C before analysis. The
remaining residue was washed with 16 ml HP water, with mechanical shaking for 10
min followed by centrifugation. In contrast to previous work, these rinses were not
all discarded, with a duplicate set (i.e. washings from extractions I

-

V) retained for

analysis. The SEP used in this study was different from the method of Tessier et al.
(1979) in that wet solid-phase material was used instead of dry material, in order to
preserve metal speciation, and an additional extraction step was introduced which
extracts water-soluble metals. Moreover, a HNO3-HC104 acid digest was used for
fraction (VI) rather than by RF-HC104 digestion.

To access the reproducibility of the extraction procedures a total of eight replicates
were taken through the SEP. Two method blank sequential extractions containing
reagents but no BPMS were also performed. Pseudototal metal concentrations were
used to monitor the efficacy of the SEP and were measured in fresh BPMS samples
(2.5 g) using the HNO3/HC104 acid digestion method described in (VI). This
procedure does not result in the total dissolution of some silicates or crystalline
lattice bound metal phases. Nevertheless, providing that such limitation is
recognized, the values were assumed to closely represent the true total metal
concentrations. Triplicate samples and acid blanks were analyzed, along with
Montana Soil Standard Reference Material (NIST SRM 2711) to evaluate the
precision and accuracy of analyses.
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5.2.4 Analytical methods

All reagents used were analytical reagent grade or better and Hi-Pure (HP) water
(Permutit, Australia) was used for the preparation of samples, reagents and standard
solutions. The conductivity of the HP water was typically <0.45 j.iS cm'. Stock
standard solutions of metals were made by diluting appropriate volumes of 1000 mg
11 high purity metal standards (Alpha Resources Inc., Australia, or BDH Laboratory,

Australia). Fresh stock sulfide solutions were prepared as required by dissolving
appropriate amounts of Na2S.9H20 with N2-purged HP water. Gelman Sciences (Pall
Corporation) 25mm, 0.45 pm pore size Acrodisc® filters with Supor® membranes
were used for all filtration requirements. All labware were thoroughly cleaned by
soaking overnight in 1% DeconTM, followed by 10 % HNO3 for 24 hr, rinsed several
times with HP water and oven dried before use. The solution pH was measured using
an Activon pH/ORP combined electrode (model no. AEP531) with a Cyberscan pH
200 meter (Eutech Cybernetics, Singapore).

Triplicate total suspended solids (TSS) and volatile suspended solids (VSS)
measurements were determined as an indication of the concentration of organic
matter according to the method described by Greenberg et al. (1992). Sulfide was
determined from measurements of methylene blue adsorption using a Hitachi Ui 100
LTV-Vis spectrophotometer at 670 nm. Total arsenic (As(III) + As(V)) was
determined using modified procedures previously described (Samanta et al., 1999;
Stroh and Vollkopf, 1993) (see Chapter 3 Section 3.2.2). Arsenic was measured by
flow injection vapour generation inductively coupled plasma mass spectrometry (FlVG-ICPMS) using a Perkin Elmer Elan 6000 ICPMS equipped with a Perkin Elmer
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FIAS 400. Metal (57Fe, 60Ni, 63Cu and MZn) concentrations were determined using a
Perkin Elmer Elan 6000 ICPMS with a Conikal concentric nebuliser (Glass
Expansion, Part No. AR30-1-FC3). Duplicate blanks and matrix spikes were
performed for each analytical batch to determine if matrix interferences exist in
analyte detection.

5.3

Results and Discussion

5.3.1 Quality control

The accuracy and reproducibility of the determination of total heavy metals after
HNO3-HC104 acid digest was monitored by analyses of the Standard Reference
Material SRM 2711 Montana Soil, obtained from the National Institute of Standards
and Technology, USA. The mean values of three replicate determinations of SRM
2711, digestion blanks and reporting limits for As, Fe, Ni, Cu and Zn are shown
Table 5.1. The concentrations of nitric -perc hlori c acid extractable As, Fe, Ni, Cu and
Zn were all within the limits certified by NIST. The percent As, Fe, Ni, Cu and Zn
recovered ranged from 96-103% and appeared to be complete, within the range of
analytical precision (Table 5.1). Matrix spikes performed on extracts from each SEP
fraction indicated no matrix interferences in the detection of As and Fe, Ni, Cu and
Zn by FI-VG-ICPMS and ICPMS, respectively (Table 5.2). The recovery of known
sulfide solutions spiked into HP water ranged from 99 to 103%. The recovery of
AVS from BPMS samples spiked with a known solution of sulfide varied from 98 to
102%.

158

Table 5.1 Total acid extractable heavy metal concentrationsa determined for Standard
Reference Material (NIST SRM 2711) and digestion blanks.

Element concentration (mg kgj
As

Fe

Ni

Cu

Zn

NIST 2711" certified value
HNO3-HClO4 digest

105 ± 8

28900 ± 600

20.6 ± 1.1

114 ± 2

350.4 ± 4.8

109 ± 3

28500 ± 1600

20.1 ± 1.5

111 ± 2

336 ± 10

% recovered

103 ± 8

99 ± 6

98 ± 9

98 ± 3

96 ± 3

HNO3-HClO4 digestion blank

0.04

10.30

0.35

0.33

0.39

Detection limit'

0.02

3.91

0.02

0.04

0.04

'Mean of three replicates.
"National Institute of Standards and Technology, USA, NIST 2711 Montana Soil
'Detection limit (dl.) =3 x standard deviation of triplicate digest blanks.

Table 5.2 Heavy metal concentrations recovered in spikes and the detection limits in
different phases of anoxic BPMS extracted by using a modified Tessier procedure.

Concentration (mg kg' dry weight)

Extractions
As

Fe

Ni

Zn

Cu

5.00
4.83
96.6

5.00
4.70
94.1

5.00
4.81
96.1

5.00
4.81
96.1

5.00
4.95
99.0

water soluble

spike
spike found
recovery (%)
detection limit'

0.02

0.04

0.02

0.06

0.03

exchangeable

spike
spike found
recovery (%)

5.00
4.85
97.1

5.00
4.89
97.7

5.00
4.76
95.3

5.00
4.94
98.9

5.00
4.93
98.7

detection limit'

0.02

0.05

0.03

0.05

0.03

spike
spike found
recovery (%)

30.0
28.4
94.8

30.0
30.7
102.2

30.0
28.7
95.6

30.0
28.4
94.8

30.0
28.8
96.1

detection limit'

0.04

0.06

0.04

0.04

0.03

spike
spike found
recovery (%)

30.0
29.3
97.8

30.0
29.0
96.5

30.0
29.7
99.1

30.0
30.5
101.6

30.0
31.1
103.6

detection limit'

0.03

0.04

0.04

0.03

0.02

spike
spike found
recovery (%)

120
126
104.9

120
114
94.8

120
119
99.2

120
115
96.2

120
117
97.4

detection limit'

0.05

0.07

0.05

0.09

0.02

spike
spike found
recovery (%)

30.0
29.3
97.5

30.0
31.1
103.7

30.0
28.8
95.9

30.0
29.0
96.8

30.0
28.3
94.5

detection limit'

0.04

0.06

0.03

0.04

0.03

carbonate bound

Fe/Mn oxide bound

Organic matter and sulfides

Residual

'Detection limit = 3 x standard deviation of triplicate blanks
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5.3.2 Sequential extractions

The relative standard deviation of eight replicates in each fraction was found to be
<13% for all heavy metals analyzed (Table 5.3). This indicates that the samples
obtained for this study were relatively homogeneous and confirms the precision of
the analytical work. The concentrations of all heavy metals determined in each
extraction step were higher than their corresponding detection limits (Table 5.2) in
each fraction. The total extractable amounts of heavy metal (TEHN'I; Frac), defined
as the sum of six binding phases, was compared with total heavy metal
concentrations (MT) obtained by nitric-perchloric acid digestion on fresh BPMS
samples (Table 5.3). Mass balance calculations show that 92.8, 89.4, 91.8, 90.1 and
92.9% of As, Fe, Ni, Zn and Cu content was recovered by the modified Tessier
method, respectively. The differences between MT and IFa, were attributed to small
cumulative losses of material during successive extraction steps. Losses during the
aqueous rinsing steps in between successive extractions were found to be small, with
heavy metal concentrations in the rinse solutions typically less than <3.5% of the
amount in the leachate of the preceding extraction stage. Based on the average
TEHM values, the concentration of heavy metals in the BPMS was in the order of
Cu>Ni>Zn>Fe>As. The BPMS had on average 5253 mg 1' total suspended solids
(TSS) and 393 mg 11 volatile suspended solids (VSS). Therefore the major fractions
of BPMS are likely to be non-organically bound solid-phases, since the biomass on
average only accounted for 7.5% of the total suspended solids.
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The partitioning patterns of heavy metals in the BPMS are shown in Table 5.3 and
Figure 5.1. The two fractions that contain most of the Ni are the carbonate bound and
organic matter/sulfide bound fractions with 20.1 and 64.0%, respectively. The same
phases were identified as key binding phases for Ni in unpolluted Lake Balaton
sediments (Hiavay and Polyák, 1998). Although no AVS or physicochemical data
were published, these sediments contained 45-82 mg kg 1 Ni, which is comparable to
the amount of Ni in the BPMS samples. The percent Zn in the water soluble,
exchangeable and carbonate fractions amounted to less than 8.6%. Most of the Zn
was found bound to organic matter and sulfides (69.9%) and about 19.4% associated
with Fe-Mn oxides. It is evident that Cu concentrated mostly in the organic matter
and sulfides fraction, with the water soluble, exchangeable, carbonate bound and
bound to Fe-Mn oxides fractions amounting to <1.1%.

Table 5.3 Heavy metal concentrationa (mg kg 1 dry weight) in different phases of
anoxic BPMS extracted by using a modified Tessier procedure.

Extractions

As

Fe

Ni

Zn

Cu
0.040 ± 0.002

Water soluble

0.19 ± 0.01

1.4 ± 0.10

0.50 ± 0.05

0.84 ± 0.06

Exchangeable

0.38 ± 0.02

2.2 ± 0.18

0.90 ± 0.10

1.2 ± 0.10

0.090± 0.007

Carbonate bound (acid soluble)

1.18±0.03

9.9 ± 0.52

14.7 ± 0.66

4.1 ± 0.13

0.060 ± 0.003
0.88 ± 0.07

Fe-Mn oxides bound (reducible)

10.4 ± 0.31

2.7 ± 0.23

0.80 ± 0.06

13.9 ± 0.52

Organic matter and sulfide bound

33.9 ± 1.4

37.1 ± 0.39

46.7 ± 0.98

50.0 ± 0.39

64.0 ± 0.95

Residual

10.7 ± 1.4

6.8 ± 0.58

9.4 ± 1.2

1.53 ± 0.20

8.72 ± 0.93

Fr,c

56.8 ± 2.0

60.1 ± 0.93

72.9 ± 1.67

71.6 ± 0.70

73.8 ± 1.3

NR

46.1

53.3

63.5

70.1

65.0

61.2

67.3

79.4

79.5

79.4

MT (HNO3-HCl04 digestion)"
S

Unless otherwise indicated, the results of eight replicate determinations.

tIThe sum of the six fractions.
CS

of all fractions except the residual fraction.
"The total metal concentration as determined by eight replicate nitric-perchioric acid digestion
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The key binding phases of As in BPMS were residual (18.8%), Fe-Mn oxides
(18.3%) and bound to organic matter and sulfides (59.8%). The concentrations of As
in the water soluble, exchangeable and acid soluble fractions were very low at 0.33,
0.67 and 2.1%, respectively. The results for As in this study contrasts to those
reported by Hlavay and Polyák (1998) for unpolluted Lake Balaton sediments, which
contained up to 13 mg kg' As. They found that exchangeable and carbonate bound
fractions combined, and the residual fraction were the key binding phases for As. In
this study, Fe was found to be mostly associated with carbonates, Fe-Mn oxides and
organic matter and sulfides. These fractions accounted for >89% Fe in the BPMS. In
comparison, Gauthreaux et al. (1998) found that >65 and >21% of Fe in marsh
sediments from Southwest Louisiana were bound to organic matter and sulfides and
residual fractions, respectively. No AVS data were presented by the authors for the
Southwest Louisiana marsh sediments, although it contained on average 0.35% Fe
compared to 0.0 1% for BPMS. In a study by Buykx et al. (2000), 30% and 50% of
Fe in sulfide-rich freshwater sediments from the Kromme Rijn river, the Netherlands,
were reported to be associated with the organic matter and sulfides and residual
fractions, respectively. The Kromme Rijn river sediments contained >22 and >760
times the amount of AVS and Fe, respectively, compared to those found in the
BPMS samples.

Generally, based on the partitioning data of heavy metals in various phases, the
ranking of different forms of heavy metals in BPMS were as follows:

As water soluble <exchangeable <carbonate bound< Fe-Mn oxides <residual<
organic matter and sulfide bound;
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Fe water soluble < exchangeable <Fe-Mn oxides bound <residual <carbonate
bound <organic matter and sulfide bound;
Ni water soluble <Fe-Mn oxides bound <exchangeable < residual <carbonate
bound< organic matter and sulfide bound;
Zn water soluble <exchangeable <residual <carbonate bound <Fe-Mn oxides
bound < organic matter and sulfide bound; and
Cu water soluble <carbonate bound < exchangeable <Fe-Mn oxides bound
<residual < organic matter and sulfide bound.

1

V
As
tJ Resklual
rbonate bound

Fe

Ni

Zn

Cu

El Org/su1fes

0 Fe-Mn oxides bound

0 Exchangeable

0 Water soluble

Figure 5.1 Partitioning of heavy metals in anoxic solid-phase materials collected
from an anaerobic bioreactor. The results are averages from eight replicate
determinations. All values are the percentage of total extractable heavy metals.
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The results from the modified Tessier sequential extraction used in this study can be
used to assess the potential mobility and bioavailability of heavy metals in the BPMS
even though their exact chemical forms are not determined. Assuming that
bioavailability decreases with each successive extraction step in the procedure in
accordance with decreasing order of solubility, then heavy metal bioavailability
decreases in the order: water soluble>exchangeable>carbonate bound>Fe-Mn oxides
bound>organic matter/sul fi des>resi dual. Furthermore, based on the above reasoning,
it follows those heavy metals in the nonresidual fractions (all fractions except the
residual fraction; m) are more bioavailable than heavy metals associated with the
residual fraction. According to Table 5.3, although an appreciable percentage of the
total heavy metals were in the residual fraction (2.1-18.8%), attributed to the
readsorption of heavy metals onto the highly oxidized BPMS surface after fraction
(V), the amount of heavy metals present in the nonresidual fractions was
overwhelmingly greater (81.2-97.9%) from the viewpoint of potential mobility and
bioavailability of heavy metals. The apparent mobility and potential bioavailability
for these heavy metals in BPMS increases in the order: Cu<As<Ni<Fe<Zn.

Moreover, Figure 5.1 also suggests that the fractions of heavy metals extractable in
water and 1M MgCl2 were very low for As, Fe, Ni, Zn and Cu (0.1-3.6%), and
therefore the potential bioavailability of heavy metals from these fractions alone
would be limited. The acid soluble phase (carbonate bound) was found to contain
moderate amounts of Fe and Ni, but low in As, Zn and Cu. Greater than 94% of the
total heavy metals in the BPMS were present in forms that require conversion to
water soluble and exchangeable forms by chemical or microbial processes in the
environment before uptake by biota. Insoluble compounds such as ZnCO3 have been
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found to be good fertilizer materials (Hodgson, 1963), which suggest that the
presence of metal carbonates in BPMS will not preclude uptake of the metal by biota.
In the Fe-Mn oxides fraction, both As and Zn, and Fe to a lesser extent, were present
in moderate levels. This may be partially attributed to the high stability constants of
metal oxides or binding strength of hydr(oxides) for As and Zn. Metal oxides,
particularly those of Fe, Al and Mn, have been found to be major sorbents for As
because of their high reactivity and high surface area (De Vitre et al., 1991; Fendorf
et al., 1997; Hiemstra and Van Riemsdijk, 1999). Substantial amounts of Zn was also
reported to be associated with the Fe-Mn oxides fraction in soils (Ma and Rao,
1997), sewage sludge (Shrivastava and Banerjee, 1998) and solids removed from a
permeable reactive barrier (Gibert et al., 2003).

The organic matter/sulfide fraction was found to be greatest for all heavy metals in
the BPMS. This was not surprising since sulfidic metal compounds were expected to
be principally generated in an anaerobic bioreactor inoculated with SRB. This
fraction comprises both labile and more refractory organic substances in combination
with sulfidic metal associations. When conditions become strongly reducing, arsenic
and metals are expected to precipitate as secondary sulfides (Eldei-field, 1981),
coprecipitate with iron sulfides (Moore et al., 1989) or be sorbed by metal sulfides
(Davis, 1984). In a study by Buykx et al. (2000), Cu, Zn, Cd and Pb were found
predominately in the fraction that corresponded to sulfides and organic matter in
untreated, sulfide-rich freshwater sediments. It is shown in Figure 5.1 that the
average percentages of peroxide-nitric oxidizable metal in this fraction increase in
the order As<Fe<Ni<Zn<Cu, which generally corresponds to the stability of sulfidic
metal compounds (Di Toro et al., 1990; Eary, 1992), but also to the Irving-Williams
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order (Stumm and Morgan, 1996) for the sequence of complex stability for Fe, Ni,
Zn and Cu. Similar results were also observed by Kersten and Förstner (1987) and
Alborés et al. (2000) for peroxide-oxidizable metal fractions in Hamburg harbour
sediments and sewage sludge, respectively. Both metal carbonates and sulfides are
susceptible to solubilization as a result of microbial activity (Shrivastava and
Banerjee, 1998). The microbial oxidation of sulfides to sulfate, which result in the
dissolution of metal sulfides and BPMS organic constituents binding metals, is of
major interest in regards to the mobilization and potential bioavailability of heavy
metals from this fraction. Ultimately, all of these biogeochemical processes will be
largely determined by the conditions of the surrounding environment receiving the
BPMS.

5.3.3 AVS and SEM determinations

Acid volatile sulfides (AVS) should be predominant in the anaerobic bioreactor
inoculated with SRB, which is analogous to that of sulfide formation in natural
environments being usually associated with bacterial sulfate reduction. Acid volatile
sulfides (AVS) provides a large reservoir of sulfide in anoxic sediment (Di Toro et
al., 1990). The AVS can react with divalent metal ions to form very insoluble metal
sulfides. Under oxidizing conditions, the sulfides are oxidized to sulfates which have
higher solubilities. As a result, the metals are released into interstitial water and
redistributed to other geochemical phases. Recently, Ngiam and Lim (2001)
monitored the redox potential of anoxic estuarine sediment at every step during
sequential extractions under oxygen free conditions. They found that the redox
potential increased drastically when the reducible (bound to Fe-Mn oxides) fraction
was extracted. Rapin et al. (1986) found that the AVS levels were preserved through
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the exchangeable and carbonate bound extractions, but were reduced by ~5% of the
initial concentration after the reducible fraction was extracted. It has been proposed
that Fe3 ions are released and act as an oxidizing agent during the extraction process
for the reducible fraction, and undergo the following reaction:

FeS + 8Fe3 + 4H 20 -* 9Fe2 + SO + 8W

(6)

In view of the above, it is therefore essential to determine the AVS and SEM
concentrations for the interpretation of the speciation patterns of heavy metals in
anoxic solid-phase materials such as those produced in the anaerobic bioreactor.

Table 5.4 Concentrations of SEM and AVS (tmol 4:1 1 dry weight) and SEMIAVS
ratio in anoxic solid-phase materials collected from an anaerobic bioreactor.

AVSb (tmol g')

SEM/AVS ratio

0.93
0.92
0.92
0.92
0.94
0.93
0.93
0.95

1.78
1.64
1.72
1.61
1.79
1.69
1.61
1.68

0.53
0.56
0.53
0.57
0.53
0.55
0.58
0.57

0.93 ± 0.01

1.69 ± 0.07

0.55 ± 0.02

Replicate SEMa (j.imol g1)
1
2
3
4
5
6
7
8
Average

aSEM = simultaneously sextracted metals = E Zn, Ni, Cu.
bAVS = acid volatile sulfide (extractable sulfide with 1 M HCI).
Detection limit of AVS = 0.01 ltmol g'.
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The AVS and SEM (1 Cu, Ni and Zn) concentrations for eight replicate BPMS
samples are shown in Table 5.4. Acid volatile sulfides were present in excess of
SEM, which means that the heavy metals could all be bound by sulfides. In other
words, it appeared that the binding ability of AVS with heavy metals in the BPMS
was greater than that with other BPMS fractions. This is in agreement with the
results from the sequential extractions, which showed that the heavy metals were
mainly associated with the organic matter and sulfides. Table 5.5 shows the
comparisons between each respective heavy metal extracted from the bound to
organic matter and sulfide fraction with AVS and SEM. The data indicate that Zn
and Fe existed overwhelmingly as sulfides in the organic matter and sulfide fraction.
The implications are that the Fe and Zn concentrations in the organic matter and
sulfide fraction were under-represented, while over-represented in the reducible
(bound to Fe-Mn oxides) fraction in the speciation patterns of BPMS. The low SEM
values for Ni, Cu and As were attributed to their low solubility in dilute HC1.
Simpson (2001) found <2% of CuS and NiS phases were extracted by 1M HC1 from
sediments, while Chappell et al. (1995) reported only 56% of the total arsenic was
extracted by 1M HC1 in As-contaminated soil from a disused cattle dip. Studies by
Huerta-Diaz et al. (1998) and Cooper and Morse (1998) have also shown that unlike
the other trace metal-sulfides, CuS does not readily dissolve in 1 M HCl. Therefore,
the AVS and Cu, Ni and As-SEM values in the present study may have been
underestimated. However, despite the underestimation of SEM values, the lower
extraction efficiency of Cu, Ni and As combined with the low VSS value indicate
that Cu, Ni and As were also overwhelmingly associated with sulfides in the organic
matter and sulfide fraction.
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Table 5.5 Comparison of heavy metal concentrations in the organic matter/sulfide
fraction (Org/S; tg g'), acid volatile sulfides (AVS; tg g1) and simultaneously
extracted metals (SEM; ig g') for anoxic solid-phase materials collected from an
anaerobic bioreactor. The results of eight replicate determinations.

As
Org/S

SEM

Fe
Org/S

SEM

Ni
Org/S

SEM

Zn
Org/S

SEM

Cu
Org/S

AVS

SEM
14.3

33.9

41.3

37.1

3.07

46.8

54.6

50.0

2.73

64.5

54.2

According to AVS theory, sediments are either non-toxic or potentially toxic if the
SEM/AVS ratios are less than one or greater than one, respectively, with regards to
bioavailable metals in sediment pore waters (Di Toro et al., 1992; Simpson, 2001;
Yu et al., 2001). Table 5.4 shows that the SEM/AVS ratios for eight replicate BPMS
samples were below one. Therefore, the BPMS are non-toxic since it contains
sufficient reservoir of reactive sulfides such that the heavy metals As, Ni, Zn and Cu
will not persist in the interstitial water, but instead will react with FeS and become
entrapped in the BPMS. Moreover, if the SEM/AVS ratios were recalculated
assuming that all Ni and Cu were associated with sulfides, the difference in the
average SEM/AVS ratios (0.63 compared to 0.55) were not large enough to alter the
outcome of the AVS theory for the BPMS sample. Takamatsu et al. (1982) have used
an extraction process using 1M HCl to speciate the so-called bioavailable arsenic
from an As polluted soil. If this was applied to the present study, it would imply that
the bioavailable As in the BPMS used in this study was 14.3 jtg g'
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A statistically significant linear relationship was observed between the log10 SEM
and logio total heavy metals concentrations for BPMS samples (Figure 5.2(a-c)). The
correlation coefficients (r2) for Zn, Ni and Cu were 0.7346, 0.7914 and 0.8326,
respectively. Leonard et al. (1996a) reported r2 values of 0.77, 0.68 and 0.70 for Zn,
Ni and Cu, respectively in Lake Michigan sediments, and values of 0.91, 0.51 and
0.62, respectively, for Virginian Province sediments. In the present study, the rank
order of the strength of the relationship between the two parameters, i.e. the amount
of variability accounted for in the SEM measurement by the total metal
determination, as indicated by the correlation coefficient values increased in the
following order: Zn<Ni<Cu. This compares to Cd<Ni<Cu<Pb<Zn reported by
Leonard et al. (1996a) Figure 5.2 also suggests that a large amount of variability
existed within each data set, even though the relationships between SEM and total
heavy metal were statistically significant. Therefore, it is not recommended to
substitute direct AVS and SEM measurements with total metal concentrations and
the regression equations developed here to predict SEM concentrations for the heavy
metals used in this study.
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Figure 5.2 Linear regression analysis of anoxic solid-phase material SEM versus
total metal (MT) values: (a) Ni, (b) Zn and (c) Cu.
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5.4 Conclusion

A modified Tessier sequential extraction procedure (SEP) was used to determine
heavy metal (As, Fe, Ni, Zn and Cu) partitioning in anoxic solid-phase materials
(BPMS) collected from an anaerobic bioreactor. This was also complemented with
AVS and SEM measurements. The sequential extraction procedure operationally
defined six fractions that generally followed the order of decreasing solubility and
bioavailability with each successive extraction step. Despite uncertainties as to the
selectivity of the various extractants and operational factors, sequential extractions
can provide useful qualitative data regarding the forms of association of heavy
metals and, indirectly, of their potential bioavailability. The data from this study
shows that the distribution of Fe, Ni, Zn, Cu and As in BPMS was strongly
influenced by its association with the fractions studied. The fraction corresponding to
organic matter and sulfides appeared to be the most important scavenging phases of
As, Fe, Ni, Zn and Cu in BPMS (59.8 -86.7%). Moreover, the results from AVS and
SEM (Z Zn, Ni and Cu) measurements indicated that the heavy metals existed
overwhelmingly as sulfides in the organic matter and sulfide fraction. The carbonate
fraction was also found to be an important binding phase for Fe and Ni, and to a
lesser extent Zn. Arsenic and Zn were also found in moderate levels in the Fe-Mn
oxide bound fraction. The residual fraction also contained appreciable amounts of
heavy metals ranging from 2.1% for Zn to 18.8% for As, possibly due to some
readsorption of heavy metals onto highly oxidized BPMS surfaces after the treatment
of the organic matter and sulfide bound fraction with strong acids.
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Assuming that metal mobility and bioavailability decreased with each successive
extraction step in the SEP, the apparent mobility and potential bioavailability of these
five metals in BPMS increases in the order of Cu<As<Ni<Fe<Zn. Moreover, the
SEMIAVS ratios determined in eight replicate samples of BPMS were less than one,
indicating that the BPMS was non-toxic with regards to bioavailable heavy metals in
pore waters. Although the linear relationship between SEM and total heavy metal
concentrations (Zn, Cu and Ni) were statistically significant, large variations were
observed within the data sets. This suggests that it is unsuitable to use total metals
and the regression equations as substitute measures of SEM. In light of the findings
of this study, it is recommended that SEP should be complemented with AVS and
SEM measurements for the determination of heavy metal speciation or partitioning
of metals in anoxic solid-phase materials collected from sulfate reducing bioreactors
and other anaerobic environments.
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Chapter 6 Evaluation of the Stability of Immobilized Arsenic and
Heavy Metals
6.1 Introduction

Sulfate reducing bacteria (SRB) have been utilized in processes for the
bioremediation of metal contaminated waters particularly from mining activities
(Chang et al., 2000; Elliott et al., 1998). SRB oxidize simple organic compounds by
utilizing sulfate as an electron acceptor and generate sulfide, S2 , and alkalinity. This
biogenically produced sulfide can react with dissolved metals and metalloids to form
metal sulfide precipitates since the solubilities of most toxic metal sulfides are
generally very low. For example, the log

for As2S3 (Eary, 1992), and ZnS and

CuS (Di Toro et al., 1992) are -11.9, -28.39 and -40.94, respectively. Arsenic can
also be co-precipitated with iron sulfides (Moore et al., 1989) and/or adsorbed by
metal sulfides (Davis, 1984). Holmes et al. (1974) have identified Zn and Cd sulfides
as efficient scavengers of heavy metals.

One of the environmentally most critical processes in material management is the
storage of solid waste (Förstner and Haase, 1998). Treatment of aqueous waste by
biological means removes critical contaminants (mainly metals), but inevitably
generates solid-phase waste material that must be safely disposed. As a result, the
potential leaching of the solid waste material by weathering in the short and longterm then becomes a major factor in its management. Although the volume of metal
sulfide sludge produced is generally lower, compared to hydroxide sludge produced
by traditional chemical methods, the safe storage of the metal sulfide sludge still
presents problems of its own. For example, while the metal sulfide sludge is expected
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to remain insoluble as long as reducing conditions are maintained, the oxidation (due
to changes in surrounding conditions) of these phases might facilitate return of
hazardous elements to the environment. However, to date few studies (Simonton et
al., 2000) have considered the stability (in terms of leachability) of these microbially
produced metal sulfide solid-phases under changing environmental conditions. In
terms of this study, particular attention is given to arsenic because it is now
recognised as one of the most serious inorganic contaminants in drinking water on a
worldwide basis (Smedley and Kinniburgh, 2002).

Arsenic is a ubiquitous element found in the atmosphere, soils and rocks, natural
waters and organisms (Smedley and Kinniburgh, 2002). It is mobilized by processes
such as weathering reactions, biological activity, volcanic emissions and
anthropogenic activities. Some anthropogenic sources of arsenic arise from activities
such as mining (Azcue et al., 1994), agriculture (Merwin et al., 1994), burning coal
(Rubin, 1999) and preservation of wood (Moore et al., 2000). There is an increasing
awareness of the toxicity of arsenic, particularly its carcinogenicity (Smedley and
Kinniburgh, 2002). Arsenic(III) has been reported to be 25 to 60 times as toxic as
As(V) and several hundred times as toxic as methylated arsenicals (Morrison et al.,
1989). The use of arsenicals has decreased substantially in recent years, but is still
creating human health problems in various parts of the world (Smedley and
Kinniburgh, 2002). In 1993, the World Health Organisation (WHO) guideline value
for As in drinking water was provisionally reduced from 50 to 10 tg l' (WHO,
1993). Since then many national authorities are seeking to reduce their limits in line
with the WHO value (Smedley and Kinniburgh, 2002). In Australia, the draft
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guideline concentration for As in drinking water is 7 tg y1 (NHtv1RC and NRMIMC,
2002).

In natural waters, the range of As concentrations is large, ranging from <0.5 j.ig 1-1 to
more than 5000 jtg F' (Aggett and Kriegman, 1988; Azcue et al., 1994; Azcue and
Nriagu, 1995; Das et al., 1995; Navarro et al., 1993; Smedley and Kinniburgh, 2002
and references therein). Typical concentrations in freshwater are <10 tg F' and
frequently <1 tg F1 . Background As concentrations in groundwaters reported in
literature show a very large range, but in most countries are <10 tg 1-1 (Edmunds et
al., 1989; Welch et al., 2000). Most high-As groundwater provinces are the result of
natural occurrences of As. A large number of these aquifers in various parts of the
world have As concentrations above 50 tg F1. The most serious occurrences of As in
groundwater, in terms of the population exposed, are the alluvial and deltaic aquifers
of Bangladesh and West Bengal. Indeed, arsenic has become the focus of public
attention recently due to mainly epidemic-like health problems of millions of people
in Bangladesh and West Bengal caused by drinking naturally As contaminated
groundwater (Matschullat, 2000). It has been suggested that over the past 30 years,
there have been between 8-12 million shallow tube-wells installed throughout
Bangladesh (WHO, 2001), with more than 90% of wells containing more than 50
tg F' As in some district areas in the south east of Bangladesh (Smedley and
Kinniburgh, 2002).

Arsenic can occur in the environment in the -3, 0, +3 and +5 oxidation states. Metal
oxides, particularly those of Fe, Al and Mn, have been found to be major sorbents
for As because of their high reactivity and high surface area (De Vitre et al., 1991;
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Fendorfet al., 1997; Hiemstra and Van Riemsdijk, 1999; Sullivan and Aller, 1996).
Among ionic species of arsenic, As(V) sorbs more strongly than As(III) (Frost and
Griffin, 1977). Unlike the heavy metals such as lead, zinc and copper, arsenic exists
in natural waters mostly as trivalent oxyanion, H3As03, and pentavalent H2As04 or
HAs042 oxyanions (Aurilio et al., 1994; Cullen and Reimer, 1989; Smedley and
Kinniburgh, 2002). The oxidized pentavalent and reduced trivalent forms of arsenic,
arsenate and arsenite, respectively, undergo the following species changes (Korte and
Fernando, 1991):

H3AsO4
HAsO

> H2AsO +H <pH6.9>
+ 2H < pH 11.5 > AsO + 3H
<pH2.2

H3AsO3 <
HAsO

pH9.2

>H7 AsO +H <

PH12.1>

+ 2H

Under reducing conditions at pH<9.2, for example, fully protonated arsenite is the
dominant arsenic species (Eq. [2]). Thermodynamically, As(V) should be the
predominant species in oxic conditions, while As(llI) should prevail under reducing
conditions. Arsenic in the geosphere has been thoroughly reviewed by Cullen &
Reimer (1989), Korte and Fernando (1991) and more recently by Jain and Ali (2000),
Matschullat (2000) and S medley and Kinniburgh (2002).

The U.S. Environmental Protection Agency (USEPA) classifies a waste as hazardous
if it is nondegradable, toxic, may cause detrimental cumulative effects, and poses a
substantial threat to human health or living organisms (Janusa et al., 1998). In order
to evaluate the possibility of human health hazard threats from wastes, various
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testing protocols have been developed to simulate the leaching processes of
hazardous wastes in natural environments or landfills (ASTM, 1981; Faellman, 1997;
USEPA, 1986). To establish whether a waste can be landfilled, the toxicity
characteristic leaching procedure (TCLP) (Greenberg et al., 1992; USEPA, 1986),
developed by the USEPA, is the most commonly used regulatory protocol for testing
the leachability of solid wastes under typical environmental conditions. The TCLP
test was designed to determine whether a waste has the potential to pose a substantial
hazard to humans, biota or to the environment due to its propensity to leach toxic
chemicals (Chang et al., 2001; Hardaway et al., 1999; Janusa et al., 1998; Meng et
al., 2001).

This section investigates the stability of heavy metals (Cu, Fe, Ni and Zn) and
arsenic that has been immobilized by microbial sulfate reduction using the toxicity
characteristic leaching procedure. The effects of dissolved oxygen on the TCLP
leachability of these heavy metals and arsenic were also investigated in separate
experiments. The combined results were used to determine whether the bulk sulfide
material waste met Australian and U.S. regulatory criteria for disposal of hazardous
wastes based on mobilized As concentrations. The long-term stability of As, Cu, Fe,
Ni and Zn were also evaluated in column studies. Here, "long-term" was defined as
using -100 pore volume of leachant.
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6.2

Materials and Methods

6.2.1 Reagents

All reagents used were analytical reagent grade or better and Hi-Pure (HP) water
(Permutit, Australia) were used for the preparation of samples, leaching solutions and
standard solutions. The conductivity of the HP water was typically <0.45 j.iS cm 1
When required, solutions were pH adjusted using 1.0 mol 1' NaOH or HNO3. The
TCLP extraction fluid (solution 1) was prepared by adding 5.7 ml glacial acetic acid
to 64.3 ml 1.0 mol F' NaOH and diluting to 1.0 1 with HP water (final pH = 4.93).
Stock standard solutions of metals and As were made by diluting appropriate
volumes of 1000 mg F' high purity standards (BDH Laboratory, Australia and Alpha
Resources Inc., Australia). Disodium arsenate(V) heptahydrate was used for
preparing As(V) solutions. Gelman Sciences (Pall Corporation) 25mm, 0.45 jtm pore
size Acrodisc® filters with Supor® membranes were used for all filtration
requirements. All labware were thoroughly cleaned by soaking in 1% DeconTM for 24
hr then rinsed with HP water, followed by soaking in 10 % HNO3 for 24 hr, rinsed
several times with HP water and oven dried before use.

6.2.2 Solid-phase sulfide material

Microbial sulfate reduction was conducted in a polyvinyl chloride (PVC) bioreactor
that was previously used to study the removal of heavy metals from mildly acidic
contaminated waters (see Chapter 3). The solid-phase bacterially produced metal
sulfide (BPMS) material, consisting of sand, biomass and precipitates were used for
leaching studies. The wet BPMS was not subjected to any other preparations and was
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stored in double zip-locked plastic bags at 4 °C when not required. All practical steps
were employed to minimize contact of this reduced fraction with atmospheric 02
while in storage.

Triplicate samples (5 g) were dried at 60 °C to constant mass for the determination of
the average moisture content. All masses reported and results of measurements were
expressed on a dry mass basis. Total suspended solids (TSS) and volatile suspended
solids (VSS) were measured according to the methods described in Standard
Methods for the Examination of Water and Wastewater (Greenberg et al., 1992).
Triplicate BPMS samples were acid digested using HNO3 and HC104 (1:4) to
determine the average "total" As and heavy metal concentration. Two acid blanks
were also analyzed. Concentrated HNO3 (1 ml) was added to -2.5g of BPMS in a
digestion tube. When effervescence of brown NO2 subsided, conc. HC104 (4 ml) was
added, and digested under reflux at 160 °C, 220 °C and 250 °C for 30, 220 and 180
mm, respectively, to reduce the final volume to 2 ml. Upon cooling, the contents
were diluted to 20 ml with HP water, mixed using a Vortex mixer (Ratek
Instruments, Australia) and allowed to settle overnight at 4 °C. The supematant was
then carefully decanted into a 10 ml polypropylene tube (Sarstedt) and stored at 4°C
until analysis.

6.2.3 TCLP leaching tests

The TCLP test used in this study was modified from the original methods described
by the USEPA (USEPA, 1986) in that an Orbit Environ-Shaker (Lab-line
Instruments Inc., USA) operated at 163 rpm was used instead of an end-over-end
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agitation device. Six replicate TCLP tests were conducted in 125 ml high-density
polyethylene (HDPE) screw cap bottles (Nalgene®). Initially, the pH of the sulfide
solid-phase was determined by adding 96.5 ml of HP water to 5 g of the solid-phase
into a borosilicate glass beaker. The beaker was covered with a watchglass and
stirred vigorously for 5 min using a magnetic stirrer, after which the pH was
recorded. The average (n = 2) pH was found to be 4.97. Since this value is less than
pH 5.0, "solution 1" extraction fluid was used as specified by the USEPA.

Fresh solid-phase sulfide material samples (obtained <5 days before) were extracted
with an amount of TCLP extraction solution equal to 20 times the weight of the
solid-phase (4.17:83.4). The slurry was agitated for a period of 18 ± 2 hr at ambient
laboratory temperature (-22 °C). This extraction time was reported to be sufficiently
long enough to allow steady-state dissolution and mobilization to occur for samples
that pass through a standard 9.5 mm sieve (USEPA, 1986). Samples in this study
were sufficiently small (<<9.5 mm) to assume that steady-state conditions were met.
Subsequently, the leachate (or "extract") was syringe filtered through 0.45 Jtm pore
size filters, which were previously washed with 1.0 mol L' HNO3 and rinsed
thoroughly with HP water. The remaining bulk leachate solution was measured for
dissolved oxygen (DO) and pH. A total of 10 ml of the leachate was collected, snap
frozen with liquid nitrogen and stored at -20 °C prior to arsenic analysis. An
acidified (1% HNO3) leachate sample was also obtained and stored at 4 °C prior to
heavy metal analysis. All TCLP extracts were analyzed as soon as possible following
extraction. Duplicate blank extractions, containing extraction solution but no solidphase, were also performed for each analytical batch to determine if any memory
effects from the extraction equipment were occurring. In addition, for each batch a
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matrix spike was performed on the filtered TCLP extract to monitor the precision of
the analytical methods used on the TCLP extract and for determining if matrix
interferences exist in analyte detection.

6.2.4 Effects of oxygen

The effects of oxygen on the amount of arsenic extracted by the TCLP were
determined by performing three modified TCLP experiments. In one experiment, the
slurry in the extraction vessels was purged with high-purity nitrogen (Air Liquide,
Australia) for 20 min prior to the TCLP extraction. In the second experiment, the
headspace in the extraction vessel was varied by varying the headspace-to-leachant
volume ratio (Vair/VL) at a constant leachant-to-solid ratio of 20. The Vajr/VL ratios of
0.10, 0.25, 0.50, 1.0 and 1.25 were used. The third experiment was conducted as a
kinetic experiment, in which TCLP leachant and BPMS samples, at the same
leachant-to-solid ratio of 20, were gently mixed in beakers with a magnetic flea for a
period of 24 hr. The beakers were exposed to air or purged with nitrogen during the
mixing. Filtered samples from the nitrogen-purged and Va jr/VL experiments were
taken at the end of the extraction period and analyzed for heavy metals and As, while
in the kinetic experiment samples were taken at periodic intervals and analyzed for
only soluble Fe and As. Samples for Fe analysis were acidified to 1% HNO3.

6.2.5 Long-term stability studies

This study was conducted on the sulfide solid-phase, whilst it was still intact in the
bioreactor. The original influent media was drained as much as possible and the
column was subjected to a sequential leaching process by passing uncontaminated
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water through it and measuring the arsenic concentrations in the leachate. The
influent was made from HP water, contained no metals, pH adjusted to -pH 7.5,
stined continuously and delivered in an upflow manner using a peristaltic pump
(2.61 ml min'). A total of 100 pore volumes were used, which is equivalent to -68
days. This experiment simulated the in-situ leaching of uncontaminated groundwater
through the solid-phase with virtually no physical disturbance in a subsurface
environment.

6.2.6 Analytical methods

The solution pH was measured using an Activon pHJORP combined electrode
(model no. AEP531) with a Cyberscan pH 200 meter (Eutech Cybernetics,
Singapore). Dissolved oxygen was measured using a TPS WP

-

82 DO/Temp meter

with a YSI 5739 DO probe. All arsenic was determined by flow injection vapour
generation inductively coupled plasma mass spectrometry (FI-VG-ICPMS) using a
Perkin Elmer Elan 6000 ICPMS equipped with a Perkin Elmer FIAS 400. Total
arsenic (As(III) + As(V)), As(III) and As(V) were determined using modified
procedures described by Stroh and Vollkopf (1993) and Samanta et al. (1999) (see
Chapter 3.2.2). Soluble iron (57Fe), copper (63Cu), nickel (60Ni ) and zinc (64Zn ) were
determined using a Perkin Elmer Elan 6000 ICPMS with a Conikal concentric
nebuliser (Glass Expansion, Part No. AR30-1-FC3). Duplicate blanks and matrix
spikes were performed for each analytical batch to ascertain the accuracy and
precision of the analytical methods.
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6.3 Results and Discussion

6.3.1 Quality control

Matrix spikes performed on filtered TCLP extracts showed no matrix interferences in
the detection of As by VG-FI-ICPMS. Mean recoveries of As(III) and As(V) varied
from 97.7-99.6% and 96.5-99.5%, respectively (Table 6.1). Results from the blank
TCLP extractions indicated no memory effects occurred from the extraction
equipment, with As(III) and As(V) concentrations below detection limits. Arsenic
and Fe were not detected above the detection limits for any of the calibration and
sample blanks.

Table 6.1 Spike recoveries of As on a representative range of samples, and the
detection limits (dl) of each analyte measured in this study. Values in parenthesis are
relative standard deviations (%).

Total As As(III)
Detection limit (.tg r
Arsenic species

1.92

2.08

As spiked (.tg r')
As(III)

As(V)

40

6

70

10

100

20

As(V)

Fe

Cu

Ni

Zn

2.16

4.06

0.15

0.08

0.22

Arsenic found (.tg r

Recovery (%)

As(III) As(V)

As(III) As(V)

39.1

5.97
(4.28)

97.7

99.5

(2.66)
69.7
(2.52)

9.90
(4.91)

99.6

99.0

99.2

19.3
(1.14)

99.2

96.5

(2.47)
aDetection limit

= concentration

of analyte which yields three times the

standard deviation (3 x SD) of seven replicate blank values.
'Mean of triplicate spikes.

1
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6.3.2 TCLP extractions

The average pH (n = 3) of the solid-phase sulfide material was 6.92. The total nitricperchioric acid extractable As and Fe content in the samples were 61.3 and 72.4mg
kg', respectively. The BPMS had 5253 mg 1' total suspended solids and 393 mg 11
volatile suspended solids. The TSS and VSS values obtained suggests that the major
fraction of the solid phase BPMS was due to the presence of metal sulfides, since the
biomass on average only accounted for 7.5% of the total suspended solids.

Table 6.2 Comparison between the leachability of As determined by the TCLP and

N2 purged TCLP methods. Where the As concentration was less than the detection
limit (dl), half the dl value was used for calculation purposes.

Method

VaIIJVL ratio

Concentration (.tg [1 )

Fraction of total

Final leachate

As(IH)

As(V)

Total As

As leached (%)

pH

TCLP, N,a

0.50

238 ±3.6

21.7 ±2.6

260±4.8

8.45 ±0.15

5.26±0.09

TCLPb

0.10

205 ± 4.9

18.3 ± 2.4

223 ± 2.7

7.27 ± 0.09

5.23 ± 0.06

TCLPb

0.25

75.6±3.6

7.76±0.48

83.3 ±3.5

2.70±0.11

5.26±0.14

TCLP'

0.50

35.7 ± 2.4

2.71 ± 0.28

38.4 ± 2.2

1.25 ± 0.08

5.20 ± 0.09

TCLPb

1.00

21.9 ±2.6

2.23 ±0.29

24.1 ±2.8

0.79 ±0.09

5.25 ±0.09

TCLPb

1.25

12.0 ± 1.3

1.08 ± 0.04

13.1 ± 1.3

0.43 ± 0.04

5.23 ±0.11

a Mean of six replicates
b Mean of three replicates

Table 6.2 shows the leachability of As in the BPMS samples, in air and nitrogen
purged systems, using the specified TCLP leachant containing 0.10 mol F' acetic
acid and 0.064 mol F' NaOH at Vair/VL ratio of 0.50. The final average pH of the
leachate in the air and nitrogen purged experiments were 5.20 to 5.26, respectively.
The results for Vair/VL ratio of 0.50 shows that when the samples were extracted with
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the TCLP, 35.7 and 2.71 tg 1' of As(III) and As(V), were extracted from the BPMS
samples, respectively. In terms of percent total As leached, this was equivalent to
<1.3 %. In the modified TCLP method (TCLP, N2), whereby the slurry was purged
for 20 min with N2 prior to the TCLP extraction, the leachate As(III) and As(V)
concentration increased markedly to 238 and 21.7 ig 1-1, respectively, which
represents >6.5-fold increase in the percentage of total As leached. At these levels,
the leachate concentrations of As do not exceed either the maximum Australian
(Environment Australia, 2002) or USEPA (USEPA, 1997) TCLP leachate values of
300 and 5000 ig 11 , respectively, and thus the BPMS waste used in this study would
not be classified as a hazardous waste material under the Australian Hazardous
Waste Act 1989 or US Resource Conservation and Recovery Act 1976, respectively,
when based on the leachability of As.

The leachability of Cu, Fe, Ni and Zn in the BPMS samples, in air and nitrogen
purged systems, using the specified TCLP leachant containing 0.10 mol 1-1 acetic
acid and 0.064 mol 1' NaOH is shown in Table 6.3. When the Va jr/VL ratio in the
extraction vessels was 0.50, the percent total Fe, Ni, Zn and Cu extracted with the
TCLP were 1.17, 0.99, 0.94 and 0.83%, respectively. Contrastingly, when the slurry
was purged for 20 mm with N2 prior to the TCLP extraction, the percent total Fe, Ni,
Zn and Cu extracted increased markedly to 7.30, 6.63, 6.51 and 6.09%, respectively.
It has been reported that the release of As (Moore et al., 1988) and heavy metals
(Billon et al., 2001) from sulfidic sediments can be enhanced by oxidation. Exposure
of diagenetic sulfide phases in sediments to oxygen provided conditions suitable for
the oxidation of sulfides, releasing As associated with the sulfides (Moore et al.,
1988). The data from the present study suggests that the leachability of arsenic and
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heavy metals in the anoxic BPMS samples were dramatically decreased by the
presence of oxygen in the extraction vessels, indicating that the release of heavy
metals and As in the system was controlled by other processes.

Table 6.3 Comparison between the leachability of heavy metals (Cu, Fe, Ni and Zn)
determined by the TCLP and N2 purged TCLP methods. Where the heavy metal
concentrations were less than the detection limit (dl), half the dl value was used for
calculation purposes. Values in parenthesis are percentage of total metal leached.

Method

VaiiJVL ratio

TCLP, N7 a
TCLPb

0.50

0.10

Concentration (tg 1-1)

Final leachate

Fe

Ni

Zn

Cu

pH

265 ±3.9

258 ± 1.0

253 ± 1.1

237 ±2.1

5.26 ± 0.09

(7.30)

(6.63)

(6.51)

(6.09)

227 ± 2.6
(6.25)

211 ± 1.4

207 ± 1.2
(5.31)

203 ± 1.1
(5.22)

5.23 ± 0.06

(5.44)

TCLPb

0.25

103 ± 0.9
(2.83)

96.8 ± 0.6
(2.48)

91.3 ± 0.8
(2.34)

82.5 ± 0.7
(2.11)

5.26 ± 0.14

TcLpa

0.50

42.5 ± 1.3
(1.17)

38.6 ± 0.5
(0.99)

36.7 ± 0.9
(0.94)

32.1 ± 0.8
(0.83)

5.20 ± 0.09

TCLPb

1.00

25.7 ± 1.7
(0.71)

22.3 ± 1.6
(0.57)

18.7 ± 1.2
(0.48)

14.1 ± 0.9
(0.36)

5.25 ± 0.09

TCLPb

1.25

14.0±0.3
(0.39)

12.0±0.4
(0.31)

9.13±0.50
(0.24)

6.02±0.28
(0.16)

5.23±0.11

aMe

of six replicates

'Mean of three replicates

6.3.3 Effects of dissolved oxygen on TCLP

A series of experiments were conducted to further investigate the role of oxygen in
the TCLP leachability of heavy metals and As. This was done by varying the
headspace-to-leachant volume ratio in the extraction vessel, while maintaining a
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constant solid-to-leachant volume of 20. Figure 6.1 shows the leachability of As and
the dissolved oxygen content at various Va jr!VL ratios. The total As concentration in
the leachate was found to decrease from 223 to 13.1 jig 11, representing a decrease
from 7.3 to 0.43% in terms of percent total As removed (Table 6.2), when the Vajr/VL
ratio was increased from 0.10 to 1.25. Correspondingly, the DO content increased
from <0.20 to 6.7 mg l (<2.0

-

76%). Similar trends were found by Meng et al.

(2001) in TCLP extractable As from water treatment sludge. Hooper et al. (1998)
found that leachate levels of As in burn ash and slag were underpredicted by TCLP.
They reported that actual municipal solid waste leachates extracted >100-fold greater
amounts of As than did the TCLP in short-term (18-48 hr) extractions. The
leachability of Cu, Fe, Ni and Zn and the dissolved oxygen content at various Vair/VL
ratios is shown in Figure 6.2. It shows that when the Va jr[VL ratio increased from
0.10 to 1.25, the percentage of Cu, Fe, Ni and Zn leached decreased from 6.25, 5.43,
5.31 and 5.22%, respectively, to 0.39, 0.31, 0.24 and 0.16%, respectively.

Further examination of the data presented in Table 6.2 and Table 6.3, suggest that the
amount of As and heavy metals in the N2 purged leachate was similar to samples
extracted with a headspace-to-leachant volume ratio of 0.10. These results show that
the leachability of Cu, Fe, Ni, Zn and As in the anoxic BPMS samples was
substantially underestimated by the TCLP test in the presence of oxygen. Thus, large
variations in the results of TCLP extractions of As from solid-phase sulfide material,
produced by microbial sulfate reduction, may result from the use of extraction
vessels with different volume sizes or headspace volumes. Although Cu, Fe, Ni, Zn
and As are non-volatile species and do not require the use of zero-headspace
extraction vessels (USEPA, 1986), the results from this study suggest that the TCLP

extraction of arsenic should be conducted at least with a zero-headspace or
preferably under nitrogen.
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Figure 6.1 Effects of Vair/VL ratios on the leachability of As determined by the TCLP
method. All As and DO concentrations are the mean of triplicates, except for Vair/VL
= 0.5 which was determined from 6 replicates. Note the log scale used for TCLP As

and DO concentrations. Where the As concentration was less than the detection limit
(dl), half the dl value was used for calculation purposes.

6.3.4 Modified kinetic TCLP

The results from the modified kinetic TCLP experiments are shown in Figure 6.3.
When the TCLP extractions were conducted under nitrogen, the As and Fe
concentrations were found to gradually increase to 276 j.tg 1-1 and 711 ig 11,
respectively, during the first 8 hr of the extraction. After this period, the
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concentrations of As and Fe remained essentially constant. Conversely, when the
extractions were performed in air, the concentrations of As and Fe increased sharply
to 205 tg 1-1 and 398 jig 11, respectively, within 1 hr, but then decreased dramatically
as the extractions progressed between 1 to 24 hr. The decrease in Fe concentrations
during the kinetic TCLP extractions in air was attributed to the initial dissolution of
FeS precipitates and subsequent oxidation of soluble Fe2 ions and precipitation of
femc(hydr)oxides. This results in the adsorption of As and corresponding decrease in
soluble As concentrations.
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Figure 6.2 Effects of Vair/VL ratios on the leachability of heavy metals (Cu, Fe, Ni
and Zn) determined by the TCLP method. All heavy metal and DO concentrations
are the mean of triplicates, except for Vajr/VL = 0.5 which was determined from 6
replicates. Note the log scale used for TCLP heavy metal and DO concentrations.
Where the heavy metal concentrations were less than the detection limit (dl), half the
dl value was used for calculation purposes.
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Katsoyiannis and Zouboulis (2004) found that the overall removal of As, during
biological iron oxidation, was enhanced by the catalyzed oxidation of As(III) and
Fe(II) by bacteria (Gallionellaferruginea and Leptothrix ochracea) and subsequent
adsorption of As(V) onto biogenic Fe(III)-oxide precipitates. In the present study, it
was observed that more then 90% of total As in both the air and nitrogen purged
systems was As(III) due to the apparent adsorption of As(V) by ferric(hydr)oxides.
At acidic pH, arsenate (H2AsO 4 ) adsorbs more strongly than arsenite (H3AsO3) on
femc(hydr)oxides (Bowell, 1994). Rapid oxidation of geothermal As(III) to As(V)
has been reported in streamwaters (Wilkie and Hering, 1998), while Haswell et al.
(1985) found that As(III) was oxidized in 5 hr when present at the tg 1-1 level in soil
pore waters. Similarly, the lower As concentrations at higher Va jr/VL ratios observed
in TCLP extractions conducted in the presence of DO was due to increased degree of
oxidation at higher DO concentrations and precipitation of ferric (h ydr)oxi des, and
subsequent adsorption of soluble As(V). The same mechanism could also explain the
decrease in the percentage of heavy metals leached with increasing Vair/VL ratios.

6.3.5 Long-term leaching tests

It is expected that oxidation and dissolution are the principle release mechanisms
affecting the long-term stability of metals immobilized by microbial sulfate
reduction. The main difference between the long-term leaching and TCLP tests is
that the former was leached with virtually no physical disturbance to the BPMS
matrix. This effectively simulates the absence of physical mixing that would most
likely occur in a subsurface environment. Figure 6.4(a-e) shows the amount of heavy
metals and As leached from the column as a function of pore volumes of pH 7.5
uncontaminated water passed through the column at a flow rate of 2.61 ml min'.
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Figure 6.3 The concentration of dissolved As and Fe as a function of time in
modified kinetic TCLP extraction experiments. The values are the mean of duplicate
experiments at a solid-to-liquid ratio of 20.

Similar mobilization patterns were observed for As, Cu, Fe, Ni and Zn, and thus only
the results for As will be discussed in detail. The results show a slow-moderate
decrease in the effluent As concentration over 22 pore volumes of leachate, followed
by a steady state leachate containing low or undetectable As concentrations.
Previously, it was established that approximately 77% As was immobilized in the
bioreactor (see Chapter 3). Based on this value, it was determined that the percent As
mobilized in the long-term leaching tests was <0.01%. The rate of As released over
the first 22 pore volumes was calculated by linear regression (r2 = 9263) and found to
be approximately 0.46 p.g V1 d' (Table 6.4). The rate of As released is perhaps
slowed down or reduced due to the neutralizing or buffering capacity provided by the
anoxic substrates accumulated in the bioreactor.
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Figure 6.4 Long-term leaching results for (a) As, (b) Fe, (c) Ni, (d) Zn and (e) Cu
using pH 7.5 synthetic groundwater. The values are from the mean of duplicate
experiments. Where the As concentration was less than the detection limit (dl), half
the dl value was used for calculation purposes.
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Table 6.4 The rate of As, Cu, Fe, Ni and Zn released over the first 22 pore volumes
of uncontaminated water, and their concentrations after 13 pore volumes, and the
Australian guideline values for As, Cu and Ni in drinking water.

As

Fe

Ni

Zn

Cu

Rate released over 22
pore volumes (tg yl cf')

0.46

0.20

0.16

0.15

0.10

Concentration after
13 pore volumes (.tg 11)

6.13

5.31

5.24

5.12

4.52

Australian drinking water
guideline value (g l.1)a

7

*

20

2000

a(Nrn4C and NRMIMC, 2002)

*No set guideline value given

The slow-moderate decreasing rate of As concentrations was attributed to the release
of As that was not fully reduced and incorporated into solid-phase sulfide phases. It
is thought that these contaminants were associated with As adsorbed to BPMS or
biomass surfaces or within the SRB cell structure. Arsenic is released as SRB die due
to increasing oxic conditions and the lack of organic substrates. The weakly bound or
more soluble As solid-phases were almost completely leached from the system by
about 22 pore volumes. The concentrations of As after this period were constantly
below the detection limit, suggesting leaching of As from less soluble solid-As
phases. It is worth noting that by about 13 pore volumes into the leaching process,
the concentration of As was below the current draft Australian guideline value for As
in drinking water (NHMRC and NRMIMC, 2002). This was also true for Cu and Ni
(Table 6.4). The results from the long-term study suggest that leaching of heavy
metals and As from the BPMS used in this study by pH 7.5 uncontaminated water in
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a subsurface environment would not be expected to present a significant threat to the
environment. However, for other SRB immobilized solid-phase sulfide material with
different flow rates, and physical and chemical compositions, the levels of heavy
metals and As will need to be determined to ascertain that the levels of As released
are below regulatory leachate limits.

6.4 Conclusion

Anoxic solid-phase samples taken from a bioreactor, previously used to treat As and
metal contaminated water using SRB, were subjected to the toxicity characteristic
leaching procedure and long-term column leaching tests. The TCLP data indicated
that the levels of As leached from the samples were <300 tg 11, which are currently
below the maximum Australian TCLP leachate value for As. Thus, the present
samples would not constitute a hazardous waste under the Australian Hazardous
Waste Act 1989. The concentrations of heavy metals and As in the TCLP extracts
were found to be substantially underestimated or decreased in the presence of
dissolved oxygen, with extractions conducted under nitrogen (or minimal air)
consistently higher than those performed in air. The lower concentrations of Cu, Fe,
Ni, Zn and As in oxygenated systems were attributed to the formation of
ferric(hydr)oxides, resulting in the adsorption of Cu, Ni, Zn and As. Greater than
90% of arsenic in the TCLP extracts was in the As(Ill) form due to the greater
adsorption of As(V) by ferric(hydr)oxides.
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Long-term leaching data suggest a slow-moderate decrease in As concentrations, due
to the release of As that was not fully reduced and incorporated into the solid-sulfide
mineral phases, followed by a steady state leachate concentration of<2 tg 11. The
leachate concentration of As, Cu and Ni were found to be below the current draft
Australian drinking water guideline value for these inorganic contaminants after
approximately 13 pore volumes of leachant had passed through the column.
Therefore, even though the BPMS do not appear to be stable indefinitely, the As, Cu,
Fe, Ni and Zn concentrations are sufficiently low that they would not be expected to
pose a substantial environmental problem. The present study has also shown that
some restrictions should be set by the relevant authorities with respect to headspaceto-leachant volume ratio used in the extraction of As, Cu, Fe, Ni and Zn by TCLP.
Significant differences in the amounts of these elements leached are obtained with
the current procedure. If the TCLP test is used as the leaching test to determine
whether a sample is hazardous or not, then the above restrictions must be imposed
for results to be reliable and comparable.
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Chapter 7 Microscopic Surface Analysis of Solid-Phase Precipitates
7.1 Introduction

The initial iron sulfide phase to form in anoxic sedimentary environments is often
amorphous iron sulfide (Berner, 1967). It is usually in the form of small crystal sizes
and short-range crystal order, and exhibits poor crystallinity. This initial precipitate
then develops incipient long-range order and eventually crystallizes to more stable
mackinawite (Fei+ S) (Rickard, 1995; Wilkin and Barnes, 1996). The complete
transformation to well crystallized mackinawite, however, may take up to two years
in aqueous solution at 25 °C (Rickard, 1995). Disordered mackinawite is the
dominant phase prior to the complete transformation, exhibiting incipient long-range
order in the form of one or several broad diffraction peaks when analysed by X-ray
diffractometry (Wilkin and Barnes, 1996).

Recently, it has been demonstrated that disordered mackinawite is a precursor phase
to pyrite (FeS2) formation, with the iron monosulfide surface providing an initial
nucleation site for pyrite growth (Rickard, 1997; Rickard and Luther, 1997;
Schoonen and Barnes, 1991b; Wilkin and Barnes, 1996; Wilkin and Barnes, 1997).
Pyrite does not nucleate significantly from solutions at temperatures typically found
in sedimentary environments (Schoonen and Barnes, 1991a). Kinetic studies have
shown that the formation of pyrite via the reaction of either intermediate sulphur
species such as polysulfides (S 2 ) (Schoonen and Barnes, 1991a; Wilkin and Barnes,
1996) or dissolved hydrogen sulfide (Rickard, 1997) with an iron monosulfide
surface, accompanied by iron loss by diffusion from the crystal structure (Furukawa
and Barnes, 1995; Lennie et al., 1997; Wilkin and Barnes, 1996). Although pyrite is
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more thermodynamically stable and less soluble than mackinawite, the mackinawite
precursor phase to pyrite is important because it may control the concentrations of
sulfide and ferrous iron, and possibly other metal ions, in solution.

Bacterial reduction of sulfate is the mechanism primarily responsible for the
formation of poorly crystalline iron sulfides in sedimentary environments (Doner and
Lynn, 1989; Ferris et al., 1987). Sulfate reducing bacteria (SRB) are a specialized
group of morphologically and nutritionally diverse group of anaerobic bacteria that
utilise sulfate as an electron acceptor in the oxidation of low molecular weight
organic compounds (Gibson, 1990; Widdel and Pfennig, 1984). The environmental
and geochemical significance of SRB activity derives from the production of H2S,
resultant from sulfate reduction, and its subsequent reaction with metals (such as
Fe2 , Zn2 , Ni2 and Cu') to form solid-phase metal sulfides. Such sulfides are
common components of recent and ancient sediments (Neal et al., 2001). It has been
estimated that 3.9 x iO'' g of pyrite-S are deposited in deltaic and anoxic continental
shelf sediments, suggesting that iron sulfide mineral formation can be quite
significant in the natural environment (Berner, 1982). Sulfide minerals are thus
important constituents of reduced systems that are quite reactive, acting as important
sources and sinks for trace metals (Morse et al., 1987).

Biological sulfate reduction by SRB has been used to treat contaminated waters
containing high concentrations of sulfate and dissolved heavy metals (Béchard et al.,
1994; Castro et al., 1999; Chang et al., 2000; Christensen et al., 1996; Dvorak et al.,
1992; El Bayoumy et al., 1999; Hammack and Edenbom, 1992; Hammack et al.,
1994; Maree et al., 1987; Tuppurainen et al., 2002; Tuttle et al., 1969; White and
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Gadd, 1997). Such treatment processes ultimately results in the production of large
volumes of anoxic metal sulfide sludge that needs to be properly disposed and
managed if hazardous elements are not to be remobilized into surrounding
environment. The majority of microscopic studies of sulfide mineral surfaces have
focussed on abiotically produced iron sulfides (Berner, 1967; Bostick and Fendorf,
2003; Parkman et al., 1999; Schoonen and Barnes, 1991b; Wilkin and Barnes, 1996)
and metal sulfides (Bostick et al., 2003; Bostick et al., 2000), despite the fact that
sulfide formation in natural environments is usually associated with bacterial sulfate
reduction. Moreover, relatively few studies (Herbert Jr. et al., 1998; Tuppurainen et
al., 2002; Watson et al., 1995) have presented surface chemical and morphology data
concerning both iron and metal sulfides precipitated from the reaction products of
biological sulfate reducing treatment systems. An understanding of surface
morphology and elemental composition of these precipitates may provide important
information in assessing their reactivity, stability and potential bioavailability. In this
study, secondary ion mass spectrometry (SIMS) and scanning electron microscopy
coupled with energy dispersive analysis by X-ray (SEM-EDAX) were used to
examine the surface morphology and elemental composition of arsenic and metal
sulfide precipitates formed in the upflow anaerobic packed bed (UAPB) bioreactor.

7.2

Materials and Methods

7.2.1 Reagents

All reagents used were of analytical grade or better. Hi-Pure water (Permutit)
bubbled with high purity nitrogen gas (Air Liquide) for at least 1 hr was used
throughout this study. All glassware and plasticware were cleaned by the following
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protocol: 24 hr soak in 1% Decon, 24 hour soak in 10% HIN03, and at least 4 rinses
with Hi-Pure water.

7.2.2 General sample preparation

All practical steps were taken to prevent oxidation and preserve, as best as possible,
the integrity of the metal sulfide precipitates. All solutions used were prepared fresh
with nitrogen purged Hi-pure water, and sample preparations were performed in a
nitrogen glove box. Bulk samples of solid-phase sulfides were removed from the
bioreactor at the completion of selected experiments under a flow of nitrogen. It was
then gently washed with Hi-Pure water, then with a 0.01 mol 1-1 sulfide solution (pH
7.0) to reduce any remaining oxidized species, washed again with Hi-Pure water to
remove residue sulfide and other contaminant products derived from the influent
media, and then centrifuged in a Beckman Benchtop centrifuge (Model TJ-6). The
supernatant was carefully decanted and the solid phase was dried at room
temperature in a desiccator under a stream of nitrogen gas.

7.2.3 SIMS analysis

Two methods were trialled for mounting samples for SIMS analysis. Firstly, the
dried solid-phase sulfides were mounted in Epirez® 133 (Epirez Construction
Products, Australia), a multi-purpose epoxy. The samples were mounted as discs
having a diameter of approximately 25 mm and a thickness of 10mm using 1 part
hardener to 3 parts compound, and allowed to dry under nitrogen for at least 48 hr.
The discs were then carefully sanded (wet) back progressively using finer silicon
carbide sanding paper in a nitrogen glove box until the sample surface was exposed,
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rinsed with degassed Hi-Pure water, dried under nitrogen and stored in a desiccated
vacuum container until required for SIMS analysis.

In the second method, acid washed sand particles were pre-mounted in Epirez® 133,
sanded back to expose the sand particles and give a flat finish to the surface before
deployment into the bioreactor for the duration of the SRB treatment process. After
the treatment process the discs were removed, under a flow of nitrogen gas, without
any further pre-treatment, dried under nitrogen and stored in a desiccated vacuum
container. Control samples containing sand previously not exposed to SRB were also
prepared for SIMS analysis. All samples were gold coated using a Baltec SC050 cool
sputter coater (TechnoTrade, Manchester, NH) prior to qualitative SIMS analysis,
which were conducted at the Australian Nuclear Science and Technology
Organization (ANSTO) on a Cameca ims5F Secondary Ion Mass Spectrometer.

7.2.4 SEM-EDAX analysis

Pre-treated, dried solid-phase sulfides were transferred to a 5 mm aluminium SEM
stub using a clean pasteur pipette in a nitrogen glove box. For samples which were
too dry, they were moistened by the addition of a small volume of degassed Hi-Pure
water. The samples were then transferred into a vacuum deposition chamber
(DynaVac CS300, DynaVac Vacuum Systems, Hingham, MA) for drying and carbon
coating. Qualitative elemental analysis of the samples was determined by energy
dispersive X-ray spectroscopy (Noran Instruments X-ray detector) on a JEOL JSMT330 Scanning Electron Microscope operated at an accelerating voltage of 20 kV.
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7.3 Results and Discussion

7.3.1 Secondary ion mass spectrometry

The results obtained for samples prepared using the first mounting method were not
conclusive due to their relatively low intensities (<10 counts s') in comparison to
control samples not exposed to SRB, and was the same regardless whether an 02 or
Cs primary ion beam was used for the analysis. The SIMS results were not
consistent with data obtained by inductively coupled plasma mass spectrometry
(ICPMS), which showed that substantial metal removal in the bioreactor had
occurred. This was attributed to inadequacies in the sample preparation step or to the
low concentration of analytes in the solid phase sulfides. The former explanation,
however, was most likely responsible since sanding may have inadvertently removed
the majority of the sulfide precipitates deposited on surfaces. To overcome this
problem, a second mounting method was used to minimize loss of surface
precipitates.

Figure 7.1 shows SIMS intensities obtained using a Cs primary ion beam for
samples prepared using the second mounting method. It suggests that there is some
surface Cu (63 and 65 a.m.u) and Zn (64, 66, 67 and 68 a.m.u) present, with
intensities ranging from approximately 1.7- 4.4 x 103 respectively, in comparison to
control samples not exposed to SRB (Figure 7.2). The Cu and Zn peaks may be
indicative of the presence of solid-phase Cu and Zn-sulfides. Figure 7.1 also shows
that SIMS detected As (75 a.m.u) with an intensity of 5.1 x 103. The presence of
sulfur (32, 33, 34, 36 a.m.u), carbon (12 a.m.u) and C-H groups (13 a.m.u) were also
detected with intensities ranging from approximately 10'-10, 104 and 103,
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respectively. These carbon sources are from the bacterial matter itself and carbon
material formed directly or indirectly during the biological oxidation of lactate by
SRB. As expected due to the silica sand matrix the presence of Si (28, 29 and 30
a.m.u) was also evident.
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Figure 7.1 SIMS intensities of atomic and molecular secondary ions of immobilized
adsorbent on SRB treated sand from the bioreactor incubated with Cu, Zn, Ni, As,
Mg, and Al as a function of the atomic mass. The primary ion beam was Cs and 250
jim raster size.

Figure 7.3 shows that iron and nickel were detected when using an 02 primary ion
beam. Iron and nickel were detected with intensities ranging approximately
4.1 x 102 1.6 x 104 and 1.1 x 102 6.1 x
-

-

respectively. As expected no Mg or Al

were found (Figure 7.3) since the peaks at 24, 25, 26 a.m.0 do not correlate to the
ratios of abundance of Mg isotopes, while the peak at 27 a.m.0 for Al was absent.
This is in accordance with ICPMS data, which showed that Mg and Al were not
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removed by the SRB treatment process. It is most likely that the peaks at 24, 25 and
26 a.m.0 were due to carbon or organic sources, such as C-C and C-C-H.

The samples were also subjected to secondary ion mass spectrometry elemental
mapping. The results are presented in Figures 7.4(a-f). The only elements detected in
elemental mapping were Ni, Fe, As, Cu, Zn and S, suggesting that the precipitates
existed either as M-S, M(l)- M(2)-S or possibly M(l)-S-M(2), where M(l) and M(2) are
two different metal ions, although the exact ratio of each element relative to the other
is not known. It is clear, however, that metastable metal sulfides were formed during
the SRB water treatment process. For example, two common As-S solid phases are
AsS and As2S3, which are consistent with the observed composition, while the
presence of Fe suggests that FeAsS-like phases could have also been present. In a
study by Bostik and Fendorf (2003), As(III) was found to adsorb strongly onto iron
sulfide (troilite) and pyrite (FeS2) surfaces forming FeAsS-like surface precipitates.
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Figure 7.2 SIMS intensities of atomic and molecular secondary ions on non-SRB
treated sand from the bioreactor incubated with Cu, Zn, Ni, As, Mg, and Al as a
function of the atomic mass. The primary ion beam was Cs and 250 im raster size.
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Figure 73 SIMS intensities of atomic and molecular secondary ions of immobilized
adsorbent on SRB treated sand from the bioreactor incubated with Cu, Zn, Ni, As,
Mg, and Al as a function of the atomic mass. The primary ion beam was 02 and 250
tm raster size.

Figure 7.4 SIMS elemental maps of (a) As, (b) Cu, (c) Fe, (d) Ni, (e) Zn and (0 S in
the solid-phase sulfide matrix. Scale bar equals 40 jim.
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Recently, using a mixed culture of SRB and 14 tM Fe2 , Herbert Jr. et al. (1998)
identified that the sulfides precipitated had compositions similar to greigite and
disordered mackinawite, while Benning et al. (1999) have reported mackinawite
formation by D. desulfuricans (ATCC 29578). Magnetotactic bacteria, which have
close affiliations to SRB (DeLong et al., 1993), have been shown to produce
intracellular mackinawite and greigite (Frankel et al., 1998; Pósfai et al., 1998;
Schüler and Frankel, 1999). In the present study, it is unlikely that pyrite (FeS2)
formation occurred given that the amorphous FeS -* mackinawite --> greigite -i
pyrite sequence requires sufficiently long time to complete. Studies by Herbert Jr. et
al. (1998) and Benning et al. (1999) have shown little or no pyrite formation in SRB
batch cultures despite substantial accumulation of precursor ferrous sulfides.
However, in contrast to these findings, Donald and Southam (1999) reported that
pyrite formation from FeS was accelerated in the presence of SRB compared to
abiotic processes.

7.3.2 SEM-Energy dispersive analysis by X-Ray

The scanning electron microscopy shows that the sulfides precipitated in the
bioreactor exhibited convoluted, platy particles approximately 100-200 .im in
diameter with smaller spherical aggregates or "rosettes" (Figure 7.5). Similar
aggregates were also observed by Herbert Jr. et al. (1998). They reported that these
aggregates were Fe-S compounds based on SEM-EDAX data, which showed
prominent S and Fe peaks. The S peaks were found to be approximately 1.8 times the
intensity of the Fe peaks (measured as peak area). The aggregation of amorphous
FeS in solution were also observed by Cornwell and Morse (1987), who found that
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higher ionic strength solutions enhanced the aggregation of these phases. In this
study, energy dispersive X-ray analysis of the solid-phase sulfide matrix identified
the presence of Cu, Fe, Zn and S, but no As or Ni (Figure 7.6), and generally agree
with those reported by Herbert Jr. et al. (1998) and White and Gadd (1998; 2000),
who found that greigite and mackinawite, and cadmium sulfides and copper sulfides
are formed during microbial reduction by SRB.

AZ

Figure 7.5 SEM photomicrograph of spherical aggregates in the solid-phase sulfides.

The peak at 0.91 keV was most likely an unresolved Cu L plus Zn L line rather than
a Ni L line because there was no corresponding Ni K line. The prominent Cu, Fe and
Zn peaks combined with the greatly elevated peak representing sulfur in the SEMEDAX spectrum (Figure 7.6), indicate that the major component of the deposited
precipitates was metal sulfides and is consistent with the sequential extraction data
(see Chapter 5) presented earlier. Lennie et al. (1995) found that the composition of
mackinawite (Fei ±S) lies in the range FeS to Fe107S. The SEM-EDAX data
presented in Figure 7.6 indicates a S/Fe ratio of approximately 1.9, which is clearly
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in excess of the expected composition and was attributed to cellular S content and
excess S remaining after washing of the precipitates with sulfide solution during the
sample preparation stage.
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Figure 7.6 Energy dispersive X-ray spectra of the solid-phase sulfide matrix. Note
the absence of arsenic peak.

The results for arsenic and nickel are inconsistent with the SIMS data, which may be
due to the greater sensitivity of SIMS compared to SEM-EDAX. It is speculated that
the arsenic and nickel precipitates formed during the treatment process in this study
were comparatively more amorphous and in too low a concentration to be detected
by SEM-EDAX. Moreover, arsenic may be adsorbed to FeS forming an amorphous
Fe-S-As layer. The results for As are in contrast to the findings of Rittle et al. (1995),
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who used energy dispersive X-ray analysis to study the precipitation of As during
bacterial sulfate reduction in sediment microcosms. They found that some arsenic
was precipitated as a Fe-As-S solid-phase. Thomson et al. (2001) have reported the
formation of whisker-like crystal structures during microbial reduction of arsenic by
Desulfovibrio desuljlLricans. They suggested that the precipitates were arsenic sulfide
crystals, which were most likely to have formed via an extracellular mechanism
given the large size of the crystals relative to bacterial cells

7.4 Conclusion

Qualitative SIMS and SEM-EDAX analysis of the solid-phase precipitates collected
from the bioreactor have shown that the major components were metal sulfide-like
precipitates, indicating that at least part of the Cu, Fe, Ni and Zinc were removed as
poorly crystalline disordered CuS, FeS, NiS and ZnS phases. Scanning electron
microscopy has revealed that the sulfides precipitated in the bioreactor were
relatively fine-grained platy particles approximately 100-200 .tm in diameter with
smaller spherical aggregates or "rosettes" also noted. The absence of As peak in the
SEM-EDAX spectra suggest that arsenic was perhaps coprecipitated with the above
sulfide phases, such as Fe-S-As, to form amorphous layers. The results are supported
by previous sequential extraction experiments that indicated metals associated with
sulfides was the dominant fraction in the solid-phase precipitates. Moreover, the
results are also consistent with previous ICPMS data which showed that sulfate was
reduced to sulfide, with the simultaneous removal of copper, iron, nickel, zinc and
arsenic.
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Chapter 8 Conclusion

Microbial sulfate reduction was investigated in a bench-scale upflow anaerobic
packed bed (UAPB) bioreactor using a mixed population of sulfate reducing bacteria
(SRB). The data showed that SRB was capable of sulfate reduction and producing
residue sulfide at pH values as low as pH 3.5. However, the lowest pH at which the
column could support significant sulfate reduction was pH 4.0. At pH 3.5, sulfide
production was below detection levels after day 75 of incubation, and sulfate
removal decreased to <7.6%. However, viable SRB were recovered along the length
of column after 20 days of operation at pH 3.5, indicating that the SRB was capable
of surviving pH 3.5 conditions for at least 20 days in a sand bed. The data suggest
that this SRB treatment process would be a viable method for remediating at least
mildly acidic (—pH 4.0) sulfate contaminated waters. The changes in conductivity
observed in the SRB column was found to be related to SRB activity and was
supported by the fact that no such fluctuations occurred in the control column. The
use of conductivity measurements, compared to pH and redox potential, seems to be
a more sensitive tool for monitoring the activity of SRB, and offers the potential for
providing continuous and rapid monitoring information with respect to SRB activity.

Treatment of metal (Cu, Zn, Ni and As) and metalloid (As) contaminated water at pH
4.5 under continuous flow conditions in the bioreactor was studied over a 14 day
period at 25 °C. After an initial lag phase or adaptation period, sulfate reduction
began and pH increased, redox potentials dropped and dissolved concentrations of
Cu, Zn, As, Ni and Fe were significantly reduced in SRB inoculated systems
supplied with lactate. These results were consistent with those found by other
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investigators. In continuous-flow column experiments containing SRB, effluent pH
above pH 7.2 and greater than 80% sulfate removal efficiencies were attained due to
the activity of SRB. Conversely, pH levels remained low (pH

-

4.5) with no sulfate

reduction detected in systems containing no SRB. Metal removal efficiencies of
more than 97.5% for Cu, Zn and Ni, and >82% for Fe were achieved in the column
experiments. The treatment process also removed >77.5% of the initial concentration
of As, but was ineffective in removing Mg and Al.

Batch experiments show that metal sulfide solid-phases produced by sulfate reducing
bacteria (BPMS) can remove Pb(II), Cu(II), Cd(II), Zn(II), Ni(II), Fe(II) and As(V)
from aqueous solution to low residual levels. The adsorption process was found to be
dependent on initial metal concentrations, pH and adsorbent dosage, with pH having
the greatest effect. The adsorption characteristics of these metals by BPMS were
similar to those previously observed for (hydr)oxides. The adsorption isotherms were
adequately fitted using the Langmuir equation, suggesting monolayer coverage of a
finite number of adsorption sites of similar energy. The adsorption process was rapid
with maximum adsorption achieved within a 24 hr period. Desorption experiments
indicated that there was a delay in desorption and the reversibility of adsorption was
low, consistent with a high-affinity type adsorption governed by chemisorption
mechanisms.

The mechanisms of adsorption for the divalent metal ions by BPMS was thought to
occur through the formation of strong, inner-sphere complexes, involving surface
hydroxyl groups analogous to adsorption by (hydr)oxides. Conversely, the adsorption
of As(V) was found to be characteristically different to those observed for
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(hydr)oxides, with the pH envelop of adsorption increasing with pH. This indicates
that As(V) adsorbs to BPMS surfaces through an inner-sphere mechanism that is
distinct from those of surface hydroxyl exchange, possibly involving sulfhydryl
groups and formation of FeAsS-like surface precipitates. Therefore, the adsorption of
heavy metals by BPMS may be an effective and relatively irreversible process that
can be potentially used to sequester soluble metals in aqueous solutions.

A modified Tessier sequential extraction procedure (SEP) was used to determine
heavy metal (As, Fe, Ni, Zn and Cu) partitioning in anoxic BPMS precipitates
collected from an anaerobic bioreactor. This was also complemented with AVS and
SEM measurements. The sequential extraction procedure operationally defined six
fractions that generally followed the order of decreasing solubility and bioavailability
with each successive extraction step. Sequential extractions can provide useful
qualitative data regarding the forms of association of heavy metals and, indirectly, of
their potential bioavailability, despite uncertainties as to the selectivity of the various
extractants and operational factors. The distribution of heavy metals in BPMS was
strongly influenced by its association with the fractions studied. The fraction
corresponding to organic matter and sulfides appeared to be the most important
scavenging phases of As, Fe, Ni, Zn and Cu in BPMS (59.8 -86.7%). Moreover, the
results from AVS and SEM (I Zn, Ni and Cu) measurements indicated that the
heavy metals existed overwhelmingly as sulfides in the organic matter and sulfide
fraction. The carbonate fraction was also found to be an important binding phase for
Fe and Ni, and to a lesser extent Zn. Arsenic and Zn were also found in moderate
levels in the Fe-Mn oxide bound fraction. The residual fraction also contained
appreciable amounts of heavy metals ranging from 2.1% for Zn to 18.8% for As,
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possibly due to some readsorption of heavy metals onto highly oxidized surfaces
after the treatment of the organic matter and sulfide bound fraction with strong acids.

Assuming that metal mobility and bioavailability decreased with each successive
extraction step in the SEP, the apparent mobility and potential bioavailability of these
five metals in BPMS increases in the order of Cu<As<Ni<Fe<Zn. Moreover, the
SEM!AVS ratios determined in eight replicate samples of BPMS were less than one,
indicating that the BPMS was non-toxic with regards to bioavailable heavy metals in
pore waters. The linear relationship between SEM and total heavy metal
concentrations (Zn, Cu and Ni) were found to be statistically significant, but large
variations were observed within the data sets, suggesting that the use of total metals
and the regression equations as substitute measures of SEM is unsuitable. In view of
this, it is recommended that sequential extraction procedures should be
complemented with AVS and SEM measurements for the determination of heavy
metal speciation or partitioning of metals in anoxic solid-phase materials collected
from sulfate reducing bioreactors and other anoxic environments.

The effect of oxidation processes on the mobility of As in BPMS was investigated
over time. Anoxic solid-phase samples taken from a bioreactor were subjected to the
toxicity characteristic leaching procedure (TCLP) and long-term (defined as

-
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days) column leaching tests. The TCLP data indicated that the levels of As leached
from the samples were <300 jtg 1-1 , which are currently below the maximum
Australian TCLP leachate value for As. Thus, the present samples would not
constitute a hazardous waste under the Australian Hazardous Waste Act 1989. The
concentrations of Fe, Ni, Zn, Cu and As in the TCLP extracts were also found to be
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substantially underestimated or decreased in the presence of dissolved oxygen, with
extractions conducted under nitrogen (or minimal air) consistently higher than those
performed in air. The lower concentrations of Fe, Ni, Zn, Cu and As in oxygenated
systems were attributed to the formation of ferric(hydr)oxides, resulting in the
adsorption of Ni, Zn, Cu and As. Greater than 90% of arsenic in the TCLP extracts
was in the As(III) form due to the greater adsorption of As(V) by femc(hydr)oxides.

Long-term leaching data suggest a slow-moderate decrease in As concentrations, due
to the release of As that was not fully reduced and incorporated into the solid-sulfide
mineral phases, followed by a steady state leachate concentration of <2 tg 11. The
leachate concentration of Cu, Ni and As were found to be below the current draft
Australian drinking water guideline value for Cu, Ni and As after approximately 13
pore volumes of leachant had passed through the column. Therefore, even though the
BPMS do not appear to be stable indefinitely, the Fe, Ni, Zn, Cu and As
concentrations are sufficiently low that they would not be expected to pose a
substantial environmental problem. The present study has also shown that some
restrictions should be set by the relevant authorities with respect to headspace-toleachant volume ratio used in the extraction of arsenic by TCLP. Significant
differences in the amounts of Fe, Ni, Zn, Cu and As leached are obtained with the
current procedure. If the TCLP test is used as the leaching test to determine whether
a sample is hazardous or not, then the above restrictions must be imposed for results
to be reliable and comparable.
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Qualitative SIMS and SEM-EDAX analysis of the solid-phase precipitates collected
from the bioreactor have shown that the major components were metal sulfide-like
precipitates, indicating that at least part of the Cu, Fe, Ni and Zinc were removed as
poorly crystalline disordered CuS, FeS, NiS and ZnS phases. Scanning electron
microscopy has revealed that the sulfides precipitated in the bioreactor were
relatively fine-grained platy particles approximately 100-200 tm in diameter with
smaller spherical acYcTrectes
or "rosettes" also noted. The absence of As peak in the
In
SEM-EDAX spectra suggest that arsenic was perhaps coprecipitated with the above
sulfide phases, such as Fe-S-As, to form amorphous layers. The results are supported
by previous sequential extractions experiments that indicated metals associated with
sulfides was the dominant fraction in the solid-phase precipitates. Moreover, the
results are also consistent with previous ICPMS data which showed that sulfate was
reduced to sulfide, with the simultaneous removal of copper, iron, nickel, zinc and
arsenic.

The results presented in this study have relevance to SRB found in natural systems
and also to efforts to use similar systems to remediate water quality in mildly acidic
metal and sulfate contaminated water. Moreover, they have important implications
for the management of the metal sulfide sludge produced by such processes since
metal mobility, bioavailability and toxicity depends largely on the chemical form of
metals and ultimately determines potential for environmental pollution.
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